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Ssummary

Biodiversity is the repository of Earth's evolutionary history and the source of irreplaceable benefits
for humans, both material and spiritual. Changes driven by human development and population
growth threaten different dimensions of biodiversity at multiple scales. Despite increased efforts
and advancements in conservation science, pressure continues to increase on global ecosystems.
This thesis is organized in four studies addressing three research areas that are critical for answering
the current biodiversity challenges. | will systematize the contributions of my thesis by describing
how they address the Aichi Biodiversity Targets, agreed in 2010 in Nagoya as global priority areas
for the decade 2011 - 2020.

Research area 1. In the first study, | answer the research question: is one approach to area
prioritization sufficient to protect multidimensional biodiversity targets? | test two species-based
approaches: hotspots, which prioritize areas of highest species richness, vulnerability and rarity; and
complementarity, which gradually adds new areas based on the presence of unrepresented species.
Additionally, | test wilderness mapping as an ecosystem-based approach based on conserving the
areas that have suffered the least human impact. | assess the results of the prioritization approaches
based on several biodiversity targets: species coverage, wilderness, coverage of important areas for
megafauna, and three regulating ecosystem services. The species and ecosystem-based approaches
select different areas as important for conservation. Species-based approaches maximize species
coverage while the ecosystem-based approach maximizes wilderness, coverage of important areas

for megafauna and ecosystem services.

The results of this study are relevant especially for Target 11 which recommends the expansion of
terrestrial and marine protected areas to 17% and 11% respectively, of the global area while also
ensuring effective management of these areas. This study also contributes to Target 14 which

envisions the restoration and safeguarding of essential services.

Research area 2. In the second study of this thesis | map four wilderness metrics at European level.
| consider two metrics that measure mainly the perception of wilderness but have also ecological
relevance: remoteness from roads and human settlements, and impact of artificial night light. I also
consider two metrics that quantify mainly the ecological dimension of wilderness: deviation from
potential natural vegetation and proportion of harvested primary productivity. The four wilderness
metrics show a common pattern of high wilderness values in mountainous areas and in northern
Europe. However, the differences between metrics uncover also the different human factors that

shape landscapes. For instance, drier southern areas with a long history of farming have a high
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deviation from potential natural vegetation but a relatively low percentage of harvested primary
productivity. Meanwhile, the forested areas of Scandinavia have a low deviation from potential
natural vegetation but relatively high percentage of harvested primary productivity as a result of

forestry.

Due to changes in agricultural markets and increased labor costs, farmland abandonment is taking
placein Europe, leading to ecological changes in rural landscapes. Appropriate restoration strategies
can increase the resilience of the resulting ecosystems and provide habitats for diverse
communities. Building on wilderness mapping, the third study explores the opportunities and
challenges of ecological rewilding as a management and restoration option for abandoned farmland
in Europe. | extract the wilderness metrics mapped in the previous chapter to the areas projected
to be abandoned by 2040 according to the Dyna-CLUE model. This analysis shows regional
differences in the dimensions of wilderness which are lacking in areas of abandonment. However,
in most cases, the impact of infrastructures is low while the deviation from potential natural
vegetation is high which suggest low human densities and large changes in the structure of
ecosystems due to agriculture. Management should be directed at improving the wilderness

dimensions most affected by human pressures in each area.

The second and third studies of this thesis are relevant for achieving Target 15 which proposes the
restoration of at least 15% of degraded areas. Thus, these results also contribute insights for the

effective management of protected areas in Europe (Target 11).

Research area 3. Ecosystem services have a multilayered relationship with biodiversity. Some
services depend on multiple ecosystem functions driven by whole ecological communities. These
services are usually estimated based on ecosystem-level metrics of biodiversity such as vegetation
cover. | call them here biophysical-based services. Other services depend directly on service-
providing species. | refer to them as biodiversity-based services. Spurred by the growth of remote-
sensing products, most large-scale assessments include only biophysical-based services. Thus, policy
and management decisions aimed at improving the supply of ecosystem services are based on

incomplete assessments.

In the fourth study, | address this gap at European level by estimating nine biodiversity-based
services. These results complement current assessments that include only biophysical-based
services. The analysis shows that areas providing high levels of biophysical-based services do not
necessarily provide also high levels of biodiversity-based services. Regardless of the type of services,

the relationship with biodiversity is stronger the more services are considered. Thus, incomplete



Summary

assessment of services can lead to the underestimation of the importance of biodiversity for service

supply.

These results are particularly important for Target 14, which provides for the restoration and
safeguarding the ecosystems that provide essential services. However, there are important

implications also for prioritizing areas for biodiversity and ecosystem services (Target 11).
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Chapter 1

Chapter 1

Introduction

1.1 Biodiversity dimensions

Biodiversity has gradually become an integrator of all conservation targets (Mace 2014). With
growing understanding of social-ecological dynamics, new dimensions have been added to the
concept of biodiversity. First, wilderness conservation as expression of freedom and beauty became
prominentin the nineteenth century in North America (Nash 2001). Then, awareness of the negative
effects of human activities (Carson 1962) brought a preoccupation for species preservation and
extinction risk (Rodrigues et al. 2006). The concept of ecosystem services was integrated after
researchers described the important benefits that humans derive from ecosystems (Ehrlich and
Mooney 1983; Daily 1997). More recently, ecosystem functions and processes have been
recognized as the mechanisms driving both services (Isbell et al. 2011) and the structure and
composition of ecosystems (Mazancourt et al. 2013). These different approaches to biodiversity
have complemented each other rather than replaced each other (Mace 2014), leading to the

development of new research areas.

The different biodiversity dimensions are difficult to capture by one metric (Pereira et al. 2012;
Schippers et al. 2014; Santini et al. 2016). However, multiple measures of biodiversity show
consistently a decline caused by human impact (Butchart et al. 2010). For instance, wilderness areas
have decreased by one tenth in the last two decades, especially in the areas of high species richness
(Watson et al. 2016). Species extinctions have increased by several orders of magnitude compared
to background rates (Pimm et al. 2014). Land-use and related pressures lead to significant declines
in local biodiversity, both in terms of species and abundances (Newbold et al. 2015). Research
suggests that species loss can lead to loss of ecosystem functions (Cardinale et al. 2006) which

cascades into service decline (Balvanera et al. 2006; Isbell et al. 2015).
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While all these biodiversity dimensions are strongly connected and have similar drivers of decline,
they are also very difficult to address together in management and policy decisions (Adams 2014;
Kleijn et al. 2015). In order to deal with biodiversity loss, the Aichi Biodiversity Targets were agreed
by world leaders in Nagoya in 2009 as a new strategy for biodiversity conservation for the decade
between 2011-2020 (Secretariat of CBD 2010). Mirroring the complexity of biodiversity science and
the challenges ahead, the Aichi Biodiversity Targets suggest multiple paths for addressing
biodiversity loss but the interconnections are strong between the different elements of the
biodiversity strategy (Marques et al. 2014). Recent assessments indicate that substantial efforts are

still necessary to reach the targets for 2020 (Tittensor et al. 2014).

This thesis provides contributions applicable in achieving three of the 20 Aichi Biodiversity Targets
by integrating several dimensions of biodiversity: species richness, vulnerability and rarity,

wilderness, megafauna and ecosystem services.
1.2 Expansion of protected areas

Target 11 of the Aichi Targets envisions 17% of the terrestrial areas and 10% of the coastal and
marine areas being conserved and effectively managed through the expansion of protected areas
and other conservation measures (Secretariat of CBD 2010). Moreover, the expansion of the
protected areas should particularly target areas important for biodiversity and ecosystem services.
The challenges related to this target are multiple. One of the most difficult to overcome is the limited
resources available for effectively expanding protected areas (Halpern et al. 2006). Thus,
appropriate metrics and methodologies are needed to identify the area that would provide the
highest benefits for biodiversity and ecosystem services (Margules and Pressey 2000). Another
important challenge is designing and implementing effective management for conserving

biodiversity and ecosystem services (Leverington et al. 2010).

Competing with multiple land-uses, conservation needs to focus on areas that would deliver the
highest biodiversity benefits through conservation. While in the past the criteria for the location of
natural parks were scenic beauty and availability of hunting game (Nash 2001), researchers have
more recently proposed a range of biodiversity surrogates and methodologies. These approaches
use different metrics to assess potential conservation areas based on two criteria: irreplaceability
and vulnerability (Margules and Pressey 2000; Brooks et al. 2006). Most approaches prioritize areas
of high irreplaceability measured based on species endemism, taxonomic uniqueness or expert
opinion (Brooks et al. 2006). In terms of vulnerability, some methodologies prioritize highly
vulnerable areas and Brooks et al. (2006) define them as reactive approaches. Other methodologies,
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Chapter 1

prioritize areas of low vulnerability, thus being proactive in preventing biodiversity loss and taking
advantage of low protection costs (Brooks et al. 2006). Measures of vulnerability usually include
amount of habitat loss (Myers et al. 2000) and other measures of human pressures (Sanderson et

al. 2002).

One of the best known reactive approaches for designating conservation priorities is biodiversity
hotspots. This approach was initially applied at global scale (Myers 1988) but it was used
subsequently for prioritization at smaller extents (Williams et al. 1996; Kati et al. 2004). As a
measure of irreplaceability, the downscaled approaches use species richness or rarity while

vulnerability is often assessed in terms of species vulnerability.

Systematic conservation planning aims to further improve the efficacy of priority setting through
establishing conservation targets and selecting areas based on their contribution to the
unrepresented conservation targets (Margules and Pressey 2000; Ardron et al. 2008). This approach
emphasizes the complementarity between areas and removes redundancy in the representation of
conservation features in order to increase the effectiveness of limited resources. Several algorithms
have been created in order to increase the efficiency of the selection of conservation areas such as
Marxan (Ball et al. 2009) and Zonation (Moilanen et al. 2009). These algorithms have been applied
to networks of protected areas (Day 2002) but they have also been used to address more conceptual

guestions on how to reconcile different conservation goals (Chan et al. 2006).

Proactive approaches usually emphasize the intactness of ecosystems and use metrics of human
presence or ecological intactness as measures of vulnerability (Carver 1996; Aplet et al. 2000; Selva
et al. 2011). The aim is to protected areas that are closest to their natural state and present the

most complete trophic networks and ecosystem processes (Watson et al. 2009; Carver 2010).

Reactive and proactive approaches are difficult to reconcile at large scales, proposing different areas
for conservation (Brooks et al. 2006; Klein et al. 2009). However, assessments at finer scales are
lacking. Most comparisons between prioritization approaches have involved only reactive
approaches such as hotspots and complementarity (Williams et al. 1996; Kati et al. 2004). Moreover,
considering the multiple biodiversity goals of conservation, these different prioritization approaches

have not been assessed in terms of representing simultaneously several biodiversity metrics.

An underrepresented topic in conservation prioritization is also the use of prioritization approaches
in zoning of protected areas for effective management (but see del Carmen Sabatini et al. 2007
Geneletti and van Duren 2008). Marine areas have benefited more from research on this approach,

especially to reconcile conservation with fishing activities (Villa et al. 2002). But despite the IUCN
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guidelines that suggest zoning as a management tool for achieving protection goals (Dudley 2008),
few studies address this aspect in terrestrial protected areas. As their metrics are intuitive and well-
studied in the literature, prioritization approaches could provide valuable insights for the

implementation of zoning to achieve multiple conservation goals.
1.3 Restoration of degraded ecosystems

Target 15 envisions the restoration of at least 15 per cent of degraded ecosystems in order to
contribute to ecosystem resilience and to combat climate change and desertification (Secretariat of
CBD 2010). One of the fundamental issues for restoration is the definition of degraded areas
(Balaguer et al. 2014). The perception of degradation differs depending on the context and history
of human occupation. Thus, addressing restoration requires an assessment of the context of

degradation and the opportunities for implementation (Suding 2011).

Some forms of land degradation are uncontroversial. For instance, soil degradation with loss of
fertility is recognized as one of the major problems for agricultural production and the prevention
of desertification (Liu et al. 2008). Similarly, damages produced by mining activities are salient
through their high level of toxicity and immediate effects (Deikumah et al. 2014). However, in cases
where human societies have gradually modified the landscape during long time periods, people
come to see the modified landscape as the natural state of ecosystems (Navarro and Pereira 2012).
This phenomenon is called shifting baseline syndrome (Papworth et al. 2009) and it is strongly
evident in some European reactions to farmland abandonment (Halada et al. 2011; Prach et al.

2013).

In reality, millennia of agriculture in Europe have led to a reduction of fauna, particularly at the top
of the trophic chains (Barnosky 2008), and to a complete change of vegetation cover (Kaplan et al.
2009). Moreover, large herbivores were removed from the landscape in order to make space for
domestic herbivores (Navarro et al. 2015). This has resulted in ecological communities lacking
resilience to disturbances (Proenca et al. 2010) and becoming dependent on human presence
(Sirami et al. 2008). These changes also affect ecosystem services (Cerqueira et al. 2015). For
instance, carbon stocks were reduced and soil protection decreased, amplifying the potential for

desertification in the drier areas of the continent (Maestre et al. 2009).

In the past decades, due to socio-economic changes, rural areas of low agricultural productivity
became depopulated and abandoned (Rey Benayas et al. 2007). Ecological communities are also

changing as a result of decreased human presence. Several species of megafauna are taking
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advantage of the new resources and are reclaiming the lost territory (Enserink and Vogel 2006).
While some researchers advocate for continuous management interventions in order to maintain
the current ecological communities (Prach et al. 2013), others propose an approach based on
naturally evolving systems (Pereira and Navarro 2015) or subtle interventions that can rebuild

resilience (Rey Benayas et al. 2008).

Ecological rewilding is the largely passive management of ecological succession after farmland
abandonment with the goal of restoring natural processes and reducing human influence on the
landscape (Navarro and Pereira 2012). Rewilding aims to rebuild aspects of wilderness that were
lost through human occupation but a large-scale approach to managing rewilding is lacking.
Wilderness mapping at European level shows that much of the remaining wilderness in Europe can
be found in mountainous areas (Carver 2010). As many abandoned areas are found around
mountainous areas, there is a huge potential for building on current wilderness areas for a
successful rewilding, especially in terms of benefiting from seed banks and residual wildlife

populations.
1.4 Restoration and safeguarding of essential ecosystem services

Target 14 envisions that ecosystems providing essential services are safeguarded and restored,
taking into account especially the needs of the most vulnerable groups (Secretariat of CBD 2010).
One of the thorniest issue in biodiversity science has been until now the relationship between
ecosystem services and biodiversity (Adams 2014). The effective preservation of both ecosystem
services and biodiversity rests on coordinating the conservation and restoration of these two

biodiversity dimensions.

The relationship between biodiversity and ecosystem services has benefitted from a long and
fruitful debate in the literature. For instance, conservation prioritization studies at regional and local
scales have pointed out that biodiversity and ecosystem services do not always coincide spatially
(Chan et al. 2006; Schroter et al. 2014). Studies at field level have also pointed out that species
richness does not drive pollination services, thus these services are not a sufficient argument for the
conservation of wild pollinators (Kleijn et al. 2015). This has led many to the conclusion that
biodiversity and ecosystem services should be kept as two separate goals in conservation (Adams
2014). On the other hand, Isbell et al. (2011) show that considering an increasing number of
environmental conditions, locations and services, leads to an increasing number of species being

needed for supplying adequate levels of ecosystem functions and services.
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The reason for these apparently contradictory results might stem from the fact that not all services
have the same causal relationships and, implicitly, the same connection to biodiversity (Mace et al.
2012). Some services are dependent on several ecosystem processes, which, in turn, depend on
multiple species and interactions between biotic and abiotic components. For instance, climate
control depends on productivity and carbon sequestration, which depend on whole ecological
communities and their interactions with their physical environment (Ruesch and Gibbs 2008). The
estimation of these services is usually based on biodiversity data at ecosystem-level such as land
cover (Maes et al. 2012). Other services, such as pest control, are directly dependent on certain
species and functional groups, without direct influences from other ecological processes (Karp et al.
2013). However, most service assessments have equated all services with those relying on nonlinear
and complex biotic and abiotic interactions, without accounting for services supplied directly by
biodiversity (Chan et al. 2006; Naidoo et al. 2008; Maes et al. 2012). This results in management

and policy decisions based on incomplete assessments of ecosystem services.
1.5 Objectives of the thesis

The overall objective of this thesis is to contribute to research areas crucial to addressing the current
biodiversity challenges. The contribution of each of the chapters inteded for publication can be

mapped to at least one of the Aichi Biodiversity Targets.

Chapter 2 contributes to the issue of prioritizing areas for conservation and zoning of protected
areas. In this chapter | answer the question: is one type of prioritization sufficient to reach
multidimensional biodiversity targets? The results of my analysis are relevant for Target 11 that
recommends the expansion of terrestrial protected areas to 17% of the globe. In order to achieve
the maximum biodiversity benefits, the areas for expansion need to be chosen based on clear
methodologies that maximize multiple biodiversity targets. The work in Chapter 2 is also relevant
for Target 14 which provides for the restoration and safeguarding of ecosystems supplying essential

services (Figure 1.1).

The work of Chapter 2 was published as: Ceausu, Silvia, Inés Gomes, and Henrique Miguel Pereira.
“Conservation Planning for Biodiversity and Wilderness: A Real-World Example.” Environmental

Management 55, no. 5 (May 2015): 1168—80.

Chapters 3 and 4 address rewilding as a restoration approach for abandoned farmland. First,
Chapter 3 maps several dimensions of wilderness which have been modified by different human

drivers. These changes have led to ecological and subjective impacts that influence ecological
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communities and the human perception of wilderness. Based on these metrics, Chapter 4 assesses
the opportunities and challenges for implementing and managing rewilding. The wilderness metrics
mapped in Chapter 3 are extracted at areas of projected abandonment by 2040. This highlights
which wilderness dimensions are lacking in target areas and allows for a discussion on strategies to
address these gaps. Moreover, this assessment of rewilding opportunities emphasizes the different
time scales necessary for changes in the effects of human impact. The results of chapters 3 and 4
are particularly relevant for Target 15 which envisions the restoration of 15% of degraded areas.
However, the results have also important implications for the management of protected areas,
especially in Europe where many sites of the Natura 2000 network are close to areas of projected

abandonment. Thus, chapters 3 and 4 contribute also to Target 11 (Figure 1.1).

Aichi Biodiversity Targets Target 14
\
/
~
~
) -

Chapter 3

Chapter 4

<—— Main contribution
<€— — Additional contribution

Doctoral disseration Chapter 2 [Chapter sj

Figure 1.1. The contributions of the chapters of this thesis to the three Aichi Biodiversity Targets. This figure
highlights both main and additional contributions. Target 11 recommends the expansion of terrestrial and marine
protected areas to 17% and 11% respectively, of the global area while also ensuring effective management. Target
14 envisions the restoration and safeguarding of essential services. Target 15 proposes the restoration of at least
15% of degraded areas

Chapter 3 was published as: Ceausu, Silvia, Steve Carver, Peter H. Verburg, Helga U. Kuechly, Franz
Holker, Lluis Brotons, and Henrique M. Pereira. “European Wilderness in a Time of Farmland
Abandonment.” In Rewilding European Landscapes, Pereira H.M. and Navarro L.M., 25-46. Springer

Netherlands, 2015.
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Chapter 4 was published as: Ceausu, Silvia, Max Hofmann, Laetitia M. Navarro, Steve Carver, Peter
H. Verburg, and Henrique M. Pereira. “Mapping Opportunities and Challenges for Rewilding in
Europe.” Conservation Biology 29, no. 4 (2015): 1017-1027.

Chapter 5 addresses the relationship between biodiversity and ecosystem services. Specifically, it
addresses the gap in the studies mapping and assessing ecosystem services at large scales as these
studies address almost exclusively services provided indirectly by biodiversity and estimated based
on biophysical data. We complement these assessments with a European assessment of services
provided directly by biodiversity and estimated based on species presence data. This work is
extremely relevant for Target 14 which stipulates the restoration and safeguarding of essential
services. However, the results of this work have important implications also for prioritizing and
managing conservation areas (Target 11) (Figure 1.1). The manuscript of this chapter is currently in

preparation for submission.

Chapter 6 synthesizes the contributions of the previous chapters by organizing them according to
the relevant Aichi Biodiversity Target. It integrates the results into a discussion on how to address

the growing challenges of global change and improve the efficacy of conservation actions.
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Abstract Several of the most important conservation
prioritization approaches select markedly different areas at
global and regional scales. They are designed to maximize
a certain biodiversity dimension such as coverage of spe-
cies in the case of hotspots and complementarity, or
composite properties of ecosystems in the case of wilder-
ness. Most comparisons between approaches have ignored
the multidimensionality of biodiversity. We analyze here
the results of two species-based methodologies—hotspots
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and complementarity—and an ecosystem-based method-
ology—wilderness—at local scale. As zoning of protected
areas can increase the effectiveness of conservation, we use
the data employed for the management plan of the Peneda-
Ger€s National Park in Portugal. We compare the ap-
proaches against four criteria: species representativeness,
wilderness coverage, coverage of important areas for
megafauna, and for regulating ecosystem services. Our
results suggest that species- and ecosystem-based ap-
proaches select significantly different areas at local scale.
Our results also show that no approach covers well all
biodiversity dimensions. Species-based approaches cover
species distribution better, while the ecosystem-based ap-
proach favors wilderness, areas important for megafauna,
and for ecosystem services. Management actions address-
ing different dimensions of biodiversity have a potential for
contradictory effects, social conflict, and ecosystem ser-
vices trade-offs, especially in the context of current Euro-
pean biodiversity policies. However, biodiversity is
multidimensional, and management and zoning at local
level should reflect this aspect. The consideration of both
species- and ecosystem-based approaches at local scale is
necessary to achieve a wider range of conservation goals.

Keywords Area prioritization - Conservation
management - Complementarity - Conservation planning -
Protected areas - Wilderness - Zoning

Introduction

Biodiversity is facing tremendous threats from human-in-
duced causes all over the world (Butchart et al. 2010;
Pereira et al. 2010). In this context, academia, international
organizations, and donors work intensely toward setting
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priorities in order to maximize the impact of conservation
efforts (Meir et al. 2004; Halpern et al. 2006; Wilson et al.
2006). But despite the increased complexity of area pri-
oritization methodologies and their growing implementa-
tion (Pressey and Bottrill 2008), indicators suggest little
success in limiting the loss of biodiversity and ecosystem
services (Butchart et al. 2010).

Designating biodiversity hotspots is one of the best
known approaches. It is based at global scale on measures
of species endemism and habitat loss (Myers et al. 2000),
and at smaller scales on species richness and species rarity
metrics (Rey Benayas and de la Montana 2003; Kati et al.
2004). The systematic conservation planning approach
added complementarity into the site selection process as a
measure of the contribution of a particular area to the
overall unrepresented conservation targets, thus increasing
the area efficiency of conservation areas (Ferrier et al.
2000; Margules and Pressey 2000). Wilderness method-
ologies on the other hand use continuous measures of the
intensity of human encroachment in order to select the
areas that have experienced the lowest impact of human
presence and modern technologies (Klein et al. 2009;
Watson et al. 2009). The aim is to protect those ecosystems
that are closest to their natural state, have the most com-
plete trophic networks, and therefore are still supplying
specific regulating, supporting, and cultural ecosystem
services (Naidoo et al. 2008; Watson et al. 2009, 2011).

When compared at bigger scales, these approaches,
hotspots and complementarity on one hand and wilderness
on the other, lead to different conservation priorities
(Mittermeier et al. 2003; Brooks et al. 2006; Klein et al.
2009). Brooks et al. (2006) explain these differences as
opposing attitudes toward vulnerability, with approaches
like hotspots prioritizing areas of high vulnerability and
wilderness approaches prioritizing areas of low vul-
nerability. However, another important conceptual differ-
ence between these approaches is the type of biodiversity
dimensions that they are maximizing. While hotspots and
complementarity have been designed to maximize separate
ecosystem features such as species and vegetation types
(Margules and Pressey 2000; Myers et al. 2000), wilder-
ness methodologies address a composite quality of
ecosystems (Aplet et al. 2000). There are few attempts to
evaluate prioritization methodologies together and the fo-
cus has been mainly on species-based approaches (Kati
et al. 2004; Diniz-Filho et al. 2006). When the comparisons
have been more inclusive, the assessment was done uni-
dimensionally against only one biodiversity criterion such
as species richness (Klein et al. 2009; Watson et al. 2009)
or ecosystem services (Naidoo et al. 2008).

In protected areas, much of the biodiversity manage-
ment is done through land planning and land zoning in
order to reconcile conservation actions with human use

(Watts et al. 2009). Although zoning methodologies have
been increasingly applied across a wide range of ecosys-
tems (Salm and Siirila 2000; Villa et al. 2002; Linnell et al.
2005; Del Carmen et al. 2007; Geneletti and van Duren
2008; Watts et al. 2009), we lack a robust multidimensional
comparison at local scale of zoning methodologies inclu-
sive of ecosystem-based approaches. This is an important
gap as zoning of established protected areas can have
significant impacts on the results of conservation actions
through higher resource efficiency, simplified management
procedures, and higher predictability for the plans of local
communities (Linnell et al. 2005).

Our research addresses the following research question:
is one type of prioritization approach sufficient to reach
multidimensional biodiversity targets at local scale? In
order to answer this question, we approach two related
problems: how different are the areas prioritized by spe-
cies- and ecosystem-based approaches; and which pri-
oritization approach maximizes each of the biodiversity
targets considered. For this purpose, we map and compare
zoning methodologies across multiple dimensions of bio-
diversity at local level in the Peneda-Gerés National Park
(PNPG) in Northern Portugal (Fig. 1). We analyze the
prioritization methodologies according to four criteria: to-
tal bird, reptile and amphibian species representativeness;
coverage of wilderness as an indicator of naturally evolv-
ing ecosystems; coverage of the important areas for
megafauna; and three regulating ecosystem services. Fi-
nally, we discuss the management implications, the ad-
vantages and the drawbacks of each prioritization
methodology. While there are studies using complemen-
tarity and prioritization algorithms for wilderness and
ecosystem services at larger scales (Chan et al. 2006; Klein
et al. 2009; Moilanen et al. 2011), we chose to use
wilderness as a separate prioritizing score and ecosystem
services only as a comparison criterion in order to em-
phasize how zoning for different biodiversity dimensions
leads to different solutions.

Methodology
Study Area and Datasets

The area of this study is the Peneda-Gerés National Park
(PNPG) in northern Portugal (longitude 8°25’'W and lati-
tude 41°41'N), the only protected area with national park
status in the country (Fig. 1). PNPG was initially estab-
lished as a protected area in 1971 and it is included also in
the Natura 2000 network (European Council 1979, 1992).

PNPG occupies a territory of approximately 700 km?.
The present human population living within the PNPG is
approximately 8800 inhabitants (Instituto Nacional de
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Fig. 1 The location of Peneda-Gerés National Park in the north of Portugal

Estatistica 2011). Low-intensity agriculture and extensive
grazing have been economically unproductive and the re-
gion is currently undergoing significant changes due to
farmland abandonment. A significant area of the park has
been classified as High Nature Value farmland by the
European Union (European Environment Agency 2004).
Habitat composition contains Atlantic and Mediterranean
habitat types.

For the hotspots and the complementarity approaches,
the territory of PNPG was divided in a grid of UTM
quadrats of 2 km x 2 km, the highest resolution common
to all species data. We used presence-absence data cover-
ing 13 species of amphibians, 20 species of reptiles, and
144 species of birds. Out of the total of 233 quadrats
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included in the analysis, information was missing for 13,
11, and 16 quadrats for birds, reptiles, and amphibians,
respectively. The species data are atlas distribution data
collected at the level of PNPG and published in Pimenta
and Santarém (1996) for birds, and in Soares et al. (2005)
for herpetofauna. The data represent recorded presences
through multi-year monitoring of the territory of the park
based on several methodologies (visual encounter surveys,
calls surveys, search of potential shelters). The data also
include ad hoc observations by the authors and the staff of
PNPG. The data do not include abundance records.

For wilderness mapping, we rasterized the territory of
the PNPG and the adjacent area in a grid with a pixel
resolution of 10 m?. We based the analysis (see below) on
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infrastructure data extracted from maps of the Portuguese
Geographical Institute of the Army (Instituto Geografico do
Exército 1997).

We defined megafauna as the species in PNPG with the
largest body mass for which we had data (PNPG-ICN
2008). As such, we used point data for locations of dens
of wolf Canis lupus (Linnaeus, 1758), and past and present
nesting sites for the eagle-owl Bubo bubo (Linnaeus, 1758),
and golden eagle Agquila chrysaetos (Linnaeus, 1758).
These data are based on annual monitoring of the wolf
population and annual surveys of the nests of the birds of
prey (PNPG-ICN 2008). We also used polygon data for
important areas for wild goat Capra pyrenaica (Schinz,
1838), which were defined based on habitat characteristics
(Moco et al. 2006). We created a buffer of 1 km around the
point locations and we merged these buffer areas with
those important for the wild goat. We chose this size of the
buffer based on the literature on the effects of human
disturbances on wolves and birds of prey (Thiel et al. 1998;
Martinez et al. 2003; Penteriani et al. 2005; Ruddock and
Whitfield 2007; Iliopoulos et al. 2014).

We used a digital elevation model (DEM) to define ar-
eas important for landslide protection (Earth Remote
Sensing Data Analysis Center 2011) by prioritizing terrains
with slopes steeper than 30°. We merged these areas with
spring protection areas and groundwater recharge areas,
which were calculated by the administration of PNPG
based on the methodology described in Brilha (2005). The
calculation was done based on land use, slope and eleva-
tion, hydrology of the area, and data collected from 130
locations across the park (PNPG-ICN 2008). These data
refer to the supply of ecosystem services. The local
population utilizes these ecosystem services through the
use of local water and soil resources but the available data
do not make it possible to estimate the spatial variation in
the use of ecosystem services.

We used the ArcGIS 10 software package (Esri, CA,
USA) for mapping and spatial analysis. We used
MARXAN software (Ball et al. 2009) for applying the
complementarity prioritization approach (Ardron et al.
2008). Statistical analyses were carried out in the R soft-
ware package (R Development Core Team 2011).

Species-Based Approach: Hotspots

We calculated the number of species present and an aver-
age rarity and vulnerability for each grid cell. The rarity
value of each species was the inverse of the number of cells
in which the species was present. We assigned vul-
nerability scores to species on a scale from 0 to 10 ac-
cording to the national red list (Cabral et al. 2005). We
gave the least concern species the score 0 and to the

critically endangered the maximum score of 10. We as-
signed scores to the next two threat categories at an equal
distance of two units: 8—threatened, 6—vulnerable. Both
near threatened and data-deficient categories contain spe-
cies which cannot be assigned to a threatened category but
which can also not be considered of least concern due to
lack of data or due to impeding future threat. Thus, we
combined these species into one mixed bag category, and
we gave it the middle vulnerability score between least
concern and vulnerable—3. We increased the difference in
units compared to the threatened categories but, in the
same time, we gave it a higher vulnerability score than the
least concern category because it contains species that
might be threatened presently or in the future. We assigned
the value corresponding to the data-deficient class to the
species for which information was not available. The
choice of the scoring methodology does not have a strong
impact on the ranking of the grid cells based on the hot-
spots methodology (Online resource 1).

We normalized the richness, average rarity, and average
vulnerability into the [0,1] interval according to the
formula:

Xy = > min_ (1)
Xmax — Xmin

where x, is the normalized value, x is the initial value, and

Xmin and Xp,.x are the minimum and the maximum values

across all species.

We prioritized the grid cells using Al = SR, +
R, + V,, where Al is the aggregated index according to
which we define biodiversity hotspots, and SR,,, R,,, and V,,
are the normalized values for species richness, rarity, and
vulnerability, respectively, for each grid cell. We decided
to give them equal weight in our calculation because spe-
cies richness, rarity, and vulnerability are all frequently
used in conservation prioritization, many times jointly
(Williams et al. 1996; Lawler et al. 2003; Brooks et al.
2006), but they often prioritize different areas without a
consensus on which metric is better at capturing conser-
vation value (Lennon et al. 2004; Orme et al. 2005).

Species-Based Approach: Complementarity

For the complementarity analysis, we simplified the vul-
nerability scoring used for the hotspots methodology. We
classified as vulnerable all species which were not included
in the least concern category of the national red list (56 out
of 177 species). After several test runs, we considered a
coverage of 50 % of the total number of occurrences of
each vulnerable species and 10 % of the occur-
rences of each non-vulnerable species. We chose these
percentages because they were the highest values for which
all representation targets were fulfilled while allowing
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Fig. 2 The prioritization of the territory of Peneda-Gerés National Park (PNPG) according to a the hotspots approach; b the complementarity
approach; ¢ the wilderness approach. d The spatial congruence between the three approaches at 30 % prioritized area

enough variation in the different sets of selected areas (Ball
et al. 2009). We set the target representation at 100 % for
the species present in only one planning unit and we con-
sidered the costs of all planning units equal to unity. We
performed 2000 runs of the MARXAN software and we
used only the results meeting all the conservation targets.
We then used the frequency of selection of each cell, also
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known as summed irreplaceability (Pryce et al. 2006; Ar-
dron et al. 2008), as the prioritizing score.

Species-Based Approach: Wilderness

We used five infrastructure elements: the primary and
secondary road networks, the human settlements, the power
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grid, and the hydroelectric dams. We chose these elements
based on the local context of the park and on the literature
(Fritz et al. 2000). Other elements used in the wilderness
mapping literature, especially at larger scales, include
railroads, human population density, biophysical natural-
ness based on expert opinions, and size of ecologically
intact regions (Sanderson et al. 2002; Mittermeier et al.
2003; Woolmer et al. 2008). We expect such metrics to be
highly correlated to the wilderness value calculated based
on our selected infrastructures (e.g. human population
density) or to be irrelevant for the scale of our study area
(e.g. size of ecologically intact regions). We included in the
analysis both the infrastructure inside the territory of the
park, and the infrastructure found in the proximity of the
park and which was likely to have an impact inside PNPG.
As such, the external infrastructures were located in an air
distance radius around the park of approximately 20 km in
the case of the primary road network, and approximately
10 km in the case of the secondary road network, the power
grid and the human settlements. We chose to consider in-
frastructures at these radiuses outside the park in order to
account for both biodiversity effects and the human access
and visual impact dimensions of wilderness (Fritz and
Carver 1998; Cinzano et al. 2000; Carver et al. 2012).
We calculated the distance from each pixel to the
nearest infrastructure of each type. We normalized the
values into the interval [0,1] according to the formula:

1

b= @
where d,, is the normalized value, d is the distance to the
closest infrastructure element of the considered type, and o
is a scaling constant equal to 0.001. We used this value of
the scaling constant in order to describe the nonlinear re-
lationship between human infrastructures and its impacts
on biodiversity (Thiel et al. 1998; De Molenaar et al. 2006;
Ruddock and Whitfield 2007) and on the perception of
wilderness (Cinzano et al. 2000; Kuechly et al. 2012).
These impacts are strong and rapidly decreasing in the first
hundreds of meters or the first kilometers, depending on the
type of infrastructure. Our formula leads to a rapid de-
crease of human impact in the 2 km adjacent to human
infrastructures and the impact reaches an asymptote be-
yond this distance.

We calculated the wilderness index according to the
formula:

W=>_ B, (3)

where W is the wilderness score in any pixel of the map,
d is the distance from that pixel to the closest infrastructure
element of type i, and f3; is the weight assigned to infras-
tructure of type i. We assigned the weights for each

infrastructure based on the assessment of the technical staff
of PNPG and the impacts documented in the literature
(Fritz et al. 2000; Carver et al. 2002). Thus, primary roads
and human settlements had f§; = 1, and secondary roads,
power lines, and hydroelectric dams had f§; = 0.25.

Comparison of the Prioritization Approaches

The comparison of the three prioritization approaches in-
cludes the spatial congruence between the three approaches
and the coverage of four biodiversity dimensions: species
representativeness, wilderness coverage, coverage of im-
portant areas for megafauna, and ecosystem services. We
calculated the spatial congruence between the three ap-
proaches for three levels of high-priority areas for con-
servation: 10, 20, and 30 % of the PNPG territory. Due to
the lower resolution of the data used for the hotspots and
complementarity approaches, the percentage cut-offs for
the highest priority areas for these approaches have a
variation from the high-priority targets of 2 % of the total
area.

We calculated Spearman’s rank correlations between the
prioritizing score of each approach, species richness, rarity,
and vulnerability. We averaged the wilderness scores
overlapping each of the 233 grid cells and used it to cal-
culate the correlations.

We assessed the efficiency of species- and wilderness-
based approaches by calculating the average percentage of
each biodiversity dimension (BD) being protected per
percentage unit of prioritized area. We calculated BD ac-
cording to the formula:

1 BD4

BD (%) =55 s

where A is the percentage of area being prioritized; BD, is
the value of the biodiversity dimension covered by the
prioritized area; and BD,,,,x is the maximum value for the
respective biodiversity dimension, either number of spe-
cies, total wilderness value, or total important area for e-
cosystem services, and megafauna. We assigned A two
percentage values: approximately 28 %—the minimum
complementarity prioritized area that covers all the species
in our list; and approximately 44 %—the minimum hot-
spots prioritized area that covers all the species. The per-
centages are approximations because of the different
spatial units used for each approach but the difference
between the sizes of the prioritized areas is never larger
than 1 % of the total area of PNPG. Values are rounded up
to two decimal places.

In order to calculate the cumulative representativeness
of species, wilderness, and important areas for megafauna
and ecosystem services, we converted the maps of the
hotspots and complementarity approaches to rasters with a
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Table 1 Spearman’s rank correlation coefficients (p values) between the values of the prioritization parameters for the three approaches, species

richness, species rarity, and species vulnerability

Parameter Complementarity ~ Hotspots index ~ Wilderness score  Species richness ~ Species rarity ~ Species vulnerability
Complementarity 0.790%%* —0.194%* 0.643 % 0.703 %% 0.415%%*

Hotspots index - —0.130* 0.628 % .82 0.685°%*
Wilderness score - - —0.432%%* —0.239%** 0.299%*

Species richness - - - 0.492%*%* 0.003

Species rarity - - - - 0.482% %%

Species vulnerability — — - - - -

* P < 0.05; ** P < 0.005; *** P < 0.0005

pixel resolution equal to the resolution of the wilderness g o

map. We ranked all the points of the three prioritization K= K> YK)s

maps into a K number of ranks of equal area, from the
highest to the lowest values of the respective prioritizing
score, with rank 1 representing the highest values and rank
K representing the lowest values. Due to the high clustering
of summed irreplaceability values, the value of K was 19
for the complementarity approach, and 25 for the hotspots
and wilderness approaches. We derived the set of points
belonging to each rank K for each map as {(xk, y}<), (x%,
y%{), ..., (X%, Yk)} where x, y were the spatial coordinates of
each of the n points of rank K.

We classified as rare those species that were present in
less than 25 % of the total number of cells. We calculated
the cumulative number of total, rare, and vulnerable spe-
cies by intersecting the ranks of each prioritization map
with the species data. We then counted the number of
unique species covered by each rank. In the case of the
hotspots and complementarity maps, the points corre-
sponding to different ranks overlapped with the grid cells
of the species data. In the case of the wilderness map, we
considered a species covered by a certain rank when the
points of the respective rank intersected at any rate the grid
cells in which that species was present.

We calculated the coverage of the areas important for
megafauna and ecosystem services by intersecting the rank
points of each prioritization map with the total amount of
important areas for megafauna and ecosystem services,
respectively. We calculated the coverage of megafauna and
ecosystem services areas for each rank K, weighted by the
number of megafauna species and ecosystem services, re-
spectively, present in overlapping areas.

We measured the wilderness coverage of the three ap-
proaches by intersecting the rank points of the prioritiza-
tion maps with the wilderness score map. We extracted the
wilderness value for each point of each rank. We then
calculated the total wilderness covered by each rank ac-
cording to the formula:
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i=1

where Wy is the total wilderness score covered by rank
K and W(xk, yk) is the wilderness value corresponding to
the point i of the n; number of points corresponding to rank
K.

Results

The species richness for each 2 km x 2 km cell ranges
between one and 107 with an average of 40.7 species
(standard deviation = 18.52). The 177 species have be-
tween one and 212 occurrences with an average of 53.5
occurrences. The eastern and northern parts of PNPG have
a bigger number of cells spatially clustered into hotspots of
species richness, rarity, and vulnerability (Fig. 2a).
Between the two larger areas there is a mosaic of cells with
both high and low values.

For the complementarity approach, out of the 2000 runs
of the MARXAN selection, 1668 runs achieved all the
conservation targets. Of these, 20 planning units were al-
ways selected and 55 cells were never selected. The
complementarity values are very similar to the hotspots but
the highest values are limited to a lower number of cells
(Fig. 2b). The central areas of PNPG seem to increase in
importance in the complementarity approach compared
with the hotspots.

Highest values of wilderness are recorded in a large
patch in the central part of the park, at the border of the
park (Fig. 2c). The northern and western areas also show
high wilderness values but confined to smaller patches.
Low wilderness areas border the southern and eastern
edges of PNPG. The low wilderness values in the northern
and central part of the park follow the road network and
human settlements location. The wilderness variation
across the map is smoother than in the case of hotspots and
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complementarity due to the continuous values of the
wilderness range.

The prioritizing scores of the hotspots and comple-
mentarity approaches are highly positively correlated
(Table 1). They both show a weak but significant negative
correlation with the wilderness score. There is also a high
correlation between the prioritizing scores of both the
hotspots and complementarity approaches, and all species
indices. Wilderness score shows a relatively weak positive
correlation with species vulnerability and negative corre-
lations with species richness and rarity (Table 1). There is
no correlation between species richness and vulnerability
on the territory of PNPG but there is a positive correlation
between species richness and rarity.

Considering the three levels of high-priority areas, only
the 20 % and the 30 % prioritization levels allow for an
overlap between species-based and wilderness approaches
(Table 2). Even in these cases, the overlap is limited to a
few percentages of the area of the park (Fig. 2d). The area
prioritized commonly by hotspots and complementarity is
relatively high at all three percentage levels (Table 2).

We then assessed each approach against four criteria:
species representativeness, wilderness coverage, important
areas for megafauna, and ecosystem services. The species-
based approaches cover all species in the smallest area
(Fig. 3a, Online resource 2), while the wilderness approach
covers wilderness, ecosystem services, and megafauna
more efficiently (Fig. 3b—d). Complementarity is the most
efficient for species protection, covering a higher number
of species per percentage unit of prioritized area (Table 3).
The best performance of the wilderness approach relative
to the species-based approaches is the coverage of the
important areas for megafauna (Table 3).

Discussion

Our research compares species-based and ecosystem-based
prioritization approaches used in zoning the Peneda-Gerés
National Park in Northern Portugal. PNPG was initially
established for the protection of wilderness (Pinto and
Partidario 2012). Now it is also a Natura 2000 site, listed

under both the Habitats and the Birds Directive (European
Council 1979, 1992). As the national and European trend
turned from wilderness to a more species-oriented ap-
proach, the subsequent management plans favored species
richness and cultural landscapes (Pinto and Partidario
2012). The area selection of the European network of
protected areas is debated but it has been shown to cover a
significant number of threatened taxa (Aradjo 1999; Aradjo
et al. 2007; Donald et al. 2007), while low human impact
areas are inconsistently represented (Martin et al. 2008;
Selva et al. 2011).

Our zoning results show the two species-based ap-
proaches prioritizing similar areas, while the ecosystem-
based approach offers significantly different results. The
patterns in our study area of 700 km?> concur with the re-
sults at global level described by Brooks et al. (2006).
Moreover, the negative correlation between wilderness and
species richness suggests a positive correlation between
human density and species richness at the scale of our
study. Other studies also find a spatial concurrence between
high species richness and high human densities. In sub-
Saharan Africa, species richness of mammals, birds,
snakes, and amphibians is positively correlated with human
population density (Balmford et al. 2001). The same is true
in Europe for plant, mammal, reptile, and amphibian spe-
cies richness (Araudjo 2003), and for bird species richness in
South Africa (Chown et al. 2003). Although there are
wilderness areas which exhibit high species richness
(Mittermeier et al. 2003), these do not represent most
cases.

Although in some cases human management can lead to
an increase of species richness (Rey Benayas et al. 2007),
the generality of this pattern rather suggests that the drivers
of high species richness, such as the level of primary
productivity, are the same as the drivers of high human
densities (Chown et al. 2003). However, the dominant view
of current biodiversity policies is that European species
richness is dependent on traditional agriculture (Halada
et al. 2011). Therefore low-intensity agricultural practices
are currently supported at European level through subsidy
schemes aimed at High Nature Value farmland (European
Commission 2005). But the current management actions

Table 2 Overlap between the prioritization approaches at three levels of designated high-priority areas: 10, 20, and 30 % of the total area of

Peneda-Gerés National Park (PNPG)

Approaches 10 % prioritized area (%) 20 % prioritized area (%) 30 % prioritized area (%)
Wilderness + hotspots + complementarity 0 0.7 2.31
Wilderness + hotspots 0 1.52 242
Wilderness + complementarity 0 0 1.09
Hotspots + complementarity 6.1 12.94 17.89
Covered by at least one approach 25.17 46.04 63.29

The results are given as percentage of the total area of the park
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ecosystem services (ES)

Table 3 Average percentages of biodiversity criteria (BD) being protected per percentage unit of prioritized area through the three approaches

Approaches Total species Vulnerable species Rare species Wilderness Ecosystem services Megafauna
(%) (%) (%) (%) (%) (%)

Size of prioritized area: 1 11 I I I I I I 1 1T I 11

Complementarity 3.70 - 3.70 - 3.70 - 082 088 093 1.02 082 088

Hotspots 3.46 2.27 3.43 227 343 2.27 093 091 1.14 1.05 0.89  0.88

Wilderness 2.96 2 2.86 2.02 2.65 1.86 1.43 1.34 1.29 1.30 2.14 1.73

Values are calculated for two percentages of prioritized area: I—28 % and 1I—44 %

for the maintenance of species diversity offer no guaranties
as species occurrences are the complex result of a multi-
tude of factors (Chown et al. 2003; Guisan and Thuiller
2005).

Large body mass species in particular face strong
competition from humans in terms of resources (Barnosky
2008) and space (Ceballos and Ehrlich 2002) which sug-
gests that megafauna has often better chances of survival
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away from human presence. For example, in a recent study,
Schuette et al. (2013) find that apex predators avoid human
presence through spatial and temporal niche partitioning in
an area occupied by semi-nomadic human populations,
while in Greece, Iliopoulos et al. (2014) showed wolves
consistently avoid roads and human presence. In PNPG,
wilderness areas are the preferred territory of several
megafauna populations (Fig. 3c). These species play im-
portant roles in modulating trophic networks, community
composition, and ecosystem properties (Duffy 2003; Sch-
mitz 2006; Ritchie and Johnson 2009); therefore, their
conservation is particularly important for ecologic
processes.

The relation between species diversity and ecosystem
services is complex. In the Californian Central Coast
ecoregion, there are few and weak positive correlations
between ecosystem services and high species diversity ar-
eas (Chan et al. 2006). At the global scale, wilderness
coincides with areas important for carbon storage and se-
questration, whereas hotspots better support water provi-
sion and the grassland production of livestock (Naidoo
et al. 2008). At the scale of our study, the wilderness
conservation approach selects a larger area important for
the three regulating ecosystem services than species-based
approaches (Fig. 3d), while species-directed conservation
actions currently support the maintenance of low-intensity
farmland (European Environment Agency 2004). Wilder-
ness-favoring management could allow self-sustaining
ecosystems and complex food webs to expand and increase
resilience of ecosystems (Walker 2002) but it would lead to
a decrease in provisioning ecosystem services by limiting
human farming activities in the area. Such trade-offs be-
tween provisioning and regulating services have also been
pointed out in the literature (Naidoo et al. 2008; Maes et al.
2012).

The drawbacks of species-based approaches are mainly
related to the data used for prioritization, while the draw-
backs of ecosystem-based approaches are related to their
potential for social conflict. For example in our case,
although the species data are the highest quality available
for the zoning of PNPG, there are indications of under-
sampling as we have grid cells listing only one species
occurrence in an area of 2 km x 2 km. In species-based
approaches, there is also a strong bias toward more spe-
ciose or more charismatic taxonomic groups (Andelman
2000; Rodrigues and Brooks 2007). Such biases are com-
mon in the data available at the scale of conservation ac-
tions and the topic is hotly debated in the literature because
it impacts decision making (Andelman 2000; Hess et al.
2006; Cabeza et al. 2007; Rodrigues and Brooks 2007;
Roth and Weber 2008) and the consequences are still
poorly understood (Gaston and Rodrigues 2003). More-
over, there are few cases in which species data were used

for real-world zoning or designating of protected areas (but
see Howard et al. 1997), area zoning being often done
opportunistically (Hull et al. 2011). Wilderness on the
other hand has the lowest requirements and uncertainty in
terms of data among the tested approaches in our study. We
used spatial data on infrastructures and human settlements,
which are usually readily available from government
agencies or geographical institutes. From an implementa-
tion point of view, ecosystem-based approaches are clearer
than species-based approaches in prescribing measures for
the protection of wilderness such as reducing human ac-
tivities and infrastructure development in priority areas
(Fritz et al. 2000). However, wilderness management ac-
tions have a high potential for social conflict, even in areas
with dwindling farming populations (Navarro and Pereira
2012).

Our research shows that species- and ecosystem-based
approaches prioritize different areas that maximize differ-
ent biodiversity targets. However, we do not consider them
as competing in conservation. As biodiversity encompasses
all levels of complexity (Secretariat of the Convention on
Biological Diversity 2001), conservation should address all
biodiversity dimensions (Kareiva and Marvier 2003; Lee
and Jetz 2008). Serious consideration must be given to the
effects of possibly conflicting management actions at local
scale but we consider that in areas of both high wilderness
and high species richness, differentiated conservation tar-
geting and zoning is necessary for addressing all dimen-
sions of biodiversity.

Conservation is context dependent (Gillson et al. 2011)
and contexts are extremely different across the globe.
However, we are confident that prioritizing for species or
ecosystem properties targets will yield similar results
across the world as many mechanisms driving biodiversity
and ecosystem services are common. We disagree that the
goals of species conservation and wilderness should be
kept distinct (but see Sarkar 1999). Wilderness areas show
consistently to be important for several ecosystem services
(Naidoo et al. 2008) and they contain the biological com-
munities closest to their unaltered pre-human state (Bryant
et al. 1997). Although many times these approaches are
presented as mutually exclusive, we consider that they
target different dimensions of biodiversity conservation. A
serious consideration of species-based alongside ecosys-
tem-based approaches in conservation management would
achieve more goals than a single-minded direction, and can
have important benefits for the long-term preservation of
biodiversity and ecosystem services.
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Supplementary material 1

Our assigned vulnerability score is the following: 10 — critically endangered, 8 — threatened, 6 —

vulnerable, 3 — data deficient and near threatened, and 0 — least concern. We assessed the

sensitivity of our results to our choice of the vulnerability scoring system by defining 4 alternative

scorings:

1) —no vulnerability score;

2) —all species, except the least concern ones, receive a vulnerability score equal to 1;

3) - the vulnerability scale goes from 0 to 4 with an increment of 1 for each threat level: 4 -

critically endangered, 3 —threatened, 2 —vulnerable, 1 — data deficient and near threatened,

and 0 — least concern;

4) —the vulnerability scale goes from 0 to 8 with an increment of 2 for each threat level: 8 —

critically endangered, 6 —threatened, 4 — vulnerable, 2 — data deficient and near threatened,

and 0 — least concern;

We then calculated the Spearman rank correlation coefficient between each alternative scoring and

the one used in our analysis in order to assess how the alternative scoring systems change the

ranking of the grid cells based on the hotspots aggregated index (Al).

Alternative scoring

p values

(relative to the scoring used for the
hotspots prioritization)

1 0.812***
2 0.981***
3 0.999***
4 0.999***

*%%p<0.0005
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according to the species-based and ecosystem-based approaches.
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Abstract Wilderness is a multidimensional concept that has evolved from
an aesthetic idea to a science-based conservation approach. We analyze here
several subjective and ecological dimensions of wilderness in Europe: human access
from roads and settlements, impact of artificial night light, deviation from potential
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natural vegetation and proportion of harvested primary productivity. As expected,
high wilderness in Europe is concentrated mainly in low primary productivity areas at
high latitudes and in mountainous regions. The use of various wilderness metrics also
reveals additional aspects, allowing the identification of regional differences in the
types of human impact and a better understanding of future modifications of wilder-
ness values in the context of land-use change. This is because farmland abandonment
in the next decades is projected to occur especially at intermediate wilderness values
in marginal agricultural landscapes, and thus can release additional areas for wild
ecosystems. Although the subjective wilderness experience will likely improve at a
slower pace due to the long-term persistence of infrastructures, the ecological effects
of higher resource availability and landscape connectivity will have direct positive
impacts on wildlife. Positive correlation between megafauna species richness and
wilderness indicate that they spatially coincide and for abandoned areas close to high
wilderness areas, these species can provide source populations for the recovery of
the European biota. Challenges remain in bringing together different views on rewil-
ding and in deciding the best management approach for expanding wilderness on
the continent. However the prospects are positive for the growth of self-regulating
ecosystems, natural ecological processes and the wilderness experience in Europe.

Keywords Wilderness - Human footprint - Artificial light - Potential natural
vegetation - Harvested primary productivity - Megafauna - Farmland abandonment

2.1 The History and Value of Wilderness

Wilderness is a comprehensive measure of conservation value capturing both the
subjective human experience, and the ecological dimension of minimally impacted
ecosystems (Cole and Landres 1996; Hochtl et al. 2005). But the concept of wilder-
ness has gone through dramatic historical changes in terms of both the context and
connotation in which the term was used. During the centuries of exploration and
colonization of new territories, wilderness was perceived negatively as a land that
is unfavourable for human habitation and should be altered and tamed (Nash 2001).

“Wilderness” gradually entered the North American language of conservation in
the nineteenth century after the end of the frontier exploration, especially promoted
by the hunting community. It developed as an aesthetic and ethical concept related
to the protection of pristine nature in the face of galloping technological progress
and rapid disappearance of natural environments. Thus wilderness became synony-
mous with freedom, natural beauty, sanctuary and retreat from everything that was
perceived as overwhelming in the modern lifestyle (Nash 2001).

Some have argued that past landscape modifications by human populations and
pervasive human impacts across scales make the idea of wilderness inconsequential
(Heckenberger et al. 2003). Wilderness also attracted considerable controversy in
North America, particularly raising questions relating to equity and the rights of hu-
mans living in, or next to, areas allocated to wilderness protection (Nash 2001). The
same issues were raised on all other continents that were colonized by European
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settlers. The establishment of protected parks and hunting reserves in South Africa
was accompanied by the relocation of native populations and social strife (Car-
ruthers 1995). Australia has also experienced some controversy surrounding the
definition of wilderness and its disconnection from the culture and lifestyle of ab-
original populations (Mackey et al. 1998).

Such developments gave “wilderness” the impetus to evolve towards a more
relevant concept for the twenty-first century, incorporating both human dimen-
sions and needs as well as new research results from areas such as paleoecology
or climate science (Gillson and Willis 2004). A science-based understanding of the
human influence on ecosystems informs presently one of the main current conser-
vation approaches (Brooks et al. 2006; Kalamandeen and Gillson 2007). In this
context, wilderness represents one extreme of the gradient of human presence and
impact across the landscape. While still retaining an aesthetical element and an
existence value among growing numbers of enthusiasts in the Western industrial-
ized countries, wilderness also refers to the biophysical reality of natural processes,
ecological communities, and the resulting ecosystems that develop in the absence of
human management. Therefore, wilderness is of major importance both for research
and management in the areas of ecosystem services (ES) (Naidoo et al. 2008, see
Chap. 3), biodiversity conservation (Watson et al. 2009), and the establishment of
ecosystem baselines (Vitousek et al. 2000).

Appreciation of European wilderness has had a different path from that on other
continents due to the long history of human occupation, agriculture and landscape
management. Many of the species that used to dominate the landscape in the dis-
tant past have been hunted to extinction or have been driven away from the most
favourable habitats (Barnosky 2008, see Chaps. 4, 8) and natural vegetation cover
has been cut or burnt down to make space for farmland. Thus both laymen and natu-
ralists have come to regard and appreciate this new state as the natural biodiversity
of the continent. As a result of a shifting baseline syndrome, traditional agricul-
tural landscapes have become the benchmark against which biodiversity change
was measured (Papworth et al. 2009). However, a growing movement in Europe
advocates now for wilderness protection and recognition, and policy steps have
been taken in this direction, including a resolution of the European Parliament on
wilderness in Europe (Martin et al. 2008; European Parliament 2009). Research
has also been undertaken in order to identify and map wilderness on the continent
(Fritz et al. 2000; Carver 2010). In this favourable context, rewilding of abandoned
farmland can gain momentum as a way of expanding the areas that provide both in-
creased opportunities for wilderness experience and more extensive self-regulating
and self-sustaining ecosystems (Rey Benayas et al. 2007; Munroe et al. 2013, see
Chaps. 1, 11).

Considering the diversity of possible definitions, we approach wilderness in this
chapter from several points of view. In the next section we review the literature on
wilderness mapping and to identify some of the most important ecological and aes-
thetical aspects of wilderness in Europe. We then map and discuss the spatial agree-
ment between wilderness based on (a) human access from roads and settlements,
(b) impact of artificial light, (c) deviation from potential natural vegetation, and
(d) proportion of primary productivity harvested by humans, as metrics of wilder-
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ness value over space. We further explore the health of trophic chains by looking at
megafauna species and their spatial concurrence with wilderness. Megafauna such
as the large herbivores, apex predators and birds of prey have an important role in
maintaining and returning ecosystems to a higher naturalness state through estab-
lishment of natural trophic cascades (see Chaps. 4, 5, and 8). As such we also map
the distribution of high body mass species across Europe and discuss the overlaps
with high-wilderness quality and farmland abandonment areas. We then explore the
possible spatial and temporal dynamics of wilderness in Europe over the next few
decades in the context of farmland abandonment and rewilding. We examine how
aspects of wilderness could increase due to agricultural abandonment and we sug-
gest means to maximize the potential success of rewilding efforts.

2.2 Measuring and Mapping Wilderness—A Brief Review
of Metrics and Methods

Wilderness has been mapped and analysed across scales, from global to local level.
The methodologies generally make use of available spatial data on human infra-
structures, land cover, area size of ecologically intact regions, etc. as proxies for
wilderness quality, but also employ expert knowledge on degree of naturalness and
ecosystem modification. Despite the obvious challenges of mapping a multidimen-
sional concept such as wilderness, studies using relevant indicators at a similar ex-
tent and resolution offer highly congruent results, likely because they share a com-
mon perception of the attributes and values of wilderness.

At the global level, Mittermeier et al. (2003) used a combination of human pop-
ulation density, intactness, and area size of the intact areas to define wilderness
areas. Much of their assessment was based on literature and expert opinions. The
wilderness areas identified coincided with the areas of the lowest human footprint
identified by Sanderson et al. (2002) although the two studies used largely different
metrics. The map of the human footprint at the global level used human population
density, the transformation of land through the building of settlements, roads and
railroads, and measures of human access. Power infrastructures were also quanti-
fied, using satellite night maps (Sanderson et al. 2002). Despite data limitations,
these global studies reveal a fairly consistent big picture of the overall pattern and
magnitude of human impact on the biosphere, both for terrestrial and marine eco-
systems (Halpern et al. 2008).

In Australia, the Heritage Commission’s National Wilderness Inventory used
four metrics for defining wilderness: remoteness from settlements, remoteness from
access, biophysical naturalness and apparent naturalness (Lesslie et al. 1995). In this
case, thresholds were defined for minimum levels of these metrics that would char-
acterize wilderness. Other approaches emphasize a wilderness continuum across
the landscape (Fritz et al. 2000). Building on the Heritage Commission’s National
Wilderness Inventory research, Carver et al. (2002) added remoteness from national
population centres and altitude in order to map wilderness in the United Kingdom.
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Remoteness from national population centres was a measure of the accessibility to
the whole British population in addition to the accessibility to the local population
in the calculation of wilderness. The authors used multicriteria evaluation (MCE)
and explored public perceptions of wilderness through the use of interactive tools
by allowing the user to change the weights of the wilderness metrics. As expected,
resulting wilderness maps were not radically different, but allowed for insights on
what affects the perceptions of wilderness (Carver et al. 2002). This approach was
further detailed at the level of the Cairngorms National Park, and the Loch Lomond
and The Trossachs National Park in Scotland (Carver et al. 2012) at a resolution of
20 m and later expanded to cover the whole of Scotland in a study by the Scottish
Natural Heritage (Scottish Natural Heritage 2012).

At lower spatial extents the indicators of wilderness and human footprint remain
the same but higher quality data are usually available making the mapping and
modelling process more reliable and accurate. For example, Woolmer et al. (2008)
rescaled the human footprint methodology of the Sanderson et al (2002) for the area
of approximately 300,000 km? of the Northern Appalachian ecoregion. They used
ten datasets compiled from several sources: population density, dwelling density,
urban areas, roads, rail, land cover, large dams, watersheds, mine sites, utility corri-
dors for the electrical power infrastructure. The general patterns of human footprint
were maintained when comparing the map based on 90 m? resolution data at ecore-
gional scale with the map derived from the global analysis of Sanderson et al (2002)
conducted with 1 km? resolution data. However, the Spearman rank correlation co-
efficients between the two sets of human footprint data steadily decreased with the
scale, reaching 0.41 (p <0.001) at 0.1 % of the Northern Appalachian ecoregion.
The difference in the human footprint scores is that the ecoregion calculation com-
pared with the global calculation leads to a reduction in the area with low levels of
human footprint (46 % ecoregion extent vs. 59 % global extent) and an increasing of
the area with moderate or high levels of human footprint (34 % ecoregion extent vs.
21% global extent), evening out more the distribution of human footprint scores. A
key finding was also that three parameters models add the most information to the
calculation of human footprint while the model incorporating human settlements,
roads and land-use was the best approximating model from all combinations of the
ten datasets considered.

In Europe, an increased wilderness momentum has led to efforts by different
actors to protect wilderness and advance a progressive wilderness research agenda
(Jones-Walters and Civié 2010). A continental level map of wilderness continuum
has been produced using population density, road and rail density, linear distance
from the nearest road and railway line, naturalness of land cover and terrain rug-
gedness (Carver 2010). This analysis identified wilderness areas concentrated in
the Scandinavian Peninsula and the mountainous regions of Europe, revealing a
strong positive altitudinal and latitudinal relationship. The same pattern was main-
tained even if terrain ruggedness was eliminated from the calculation. Beside the
Scandinavian mountains and arctic areas, the Pyrenees, The Eastern Mediterranean
islands, the Alps, the British Isles, the south-eastern Europe and the Carpathians
also had significant areas of wilderness (Carver 2010) but one has to temper this
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with the knowledge that the current spatial data often misses historical information
on local land use management such as past deforestation, drainage and grazing by
domestic livestock. Currently, the wilderness mapping is being updated through the
project of the European Wilderness Registry, which will record the most important
wild sites, thus facilitating priority setting for protection.

2.3 Wilderness Metrics

The set of metrics used in the wilderness mapping literature can be divided into two
major dimensions of defining wilderness: the subjective or perceived wilderness
experience and ecological intactness. Most wilderness metrics attempt to describe
both aspects. For example, the presence of roads and human settlements indicate
both easiness of access, visual impact, and the ecological impact of these infrastruc-
tures. Yet some indicators address the two dimensions separately as it is the case
with apparent naturalness and biophysical naturalness (Lesslie et al. 1988). For the
purposes of this chapter, we chose a series of four metrics: two that describe both
the subjective human experience of wilderness and the ecological impact, and two
that have mainly an ecological dimension. The metrics used here quantify human
impact thus wilderness increases with the decrease of the metrics.

Remoteness from roads and human settlements is an important dimension in
the feeling of solitude intrinsic to the wilderness experience. However, roads and
other human access infrastructure have also a strong impact on wild populations
and ecosystems. The most obvious impact is road mortality, shown to affect mam-
mals (Philcox et al. 1999; Seiler 2005; Grilo et al. 2009), birds (Orlowski 2005),
reptiles (losif et al. 2013) and amphibians (Patrick et al. 2012). But impacts of
roads, traffic and human access can be much more profound, affecting popula-
tion and community structure (Habib et al. 2007), trophic interactions (Kristan III
and Boarman 2003; Whittington et al. 2011), ecosystem functioning and structure
(Christensen et al. 1996; Hansen et al. 2005; Rentch et al. 2005), and environmental
conditions through high pollution levels (Hatt et al. 2004). Roads can favour the
expansion of invasive species (Jodoin et al. 2008; Vicente et al. 2010), and of exotic
and human-favoured predators (Alterio et al. 1998). They also expose forest habi-
tats to edge effects (Tabarelli et al. 2004). These ecological impacts of roads and
human settlements alter a range of ecological conditions compared with the context
that would exist without these human infrastructures. Here we evaluate human ac-
cess from roads and settlements by calculating the cost distance to paved roads and
settlements according to the Naismith’s rule which assumes differentiated relative
traveling times depending on terrain, land cover, and river networks (Carver and
Fritz 1999). We extracted the data on paved roads from the Eurogeographics Road
database and the Open Street Map database, land use data from Corine Land Cover
2000 and 2006, and terrain ruggedness data from the Shuttle Radar Topography
Mission (SRTM) at 1 km resolution. The range of the human access score values
is expressed from O to 1. In Europe, the mountainous areas, the Iberian Peninsula,
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the Balkans, Scotland, and Scandinavia are the least accessible regions and the least
impacted by roads and settlements (Fig. 2.1a).

Artificial night light has a similar dimension in the definition of wilderness.
Light pollution has been decried for its impact on the visibility of the natural night
sky (Cinzano et al. 2000), diminishing the night wilderness experience. But arti-
ficial light has also strong ecological impacts (Longcore and Rich 2004; Navara
and Nelson 2007; Holker et al. 2010b; Gaston et al. 2013), affecting invertebrates
(Davies et al. 2012, see Chap. 6), fish (Becker et al. 2013), mammals (Boldogh
et al. 2007) and bird populations (Montevecchi et al. 2006). Direct mortality (Holk-
er et al. 2010b), impacts on trophic relations and community structure (Perkin et al.
2011), disruption of migratory routes (Gauthreaux Jr et al. 2006) by night light lead
to profound modifications of ecosystems functions (Holker et al. 2010a). Nocturnal
species such as bats and moths (see also Chap. 6) receive the brunt of the impact.
We assess the impact of artificial light on ecosystems and wilderness experience
by using the satellite data of the upwards emitted and reflected artificial light with
a spectral range of 0.5-0.9 pum in Europe from the Visible Infrared Imaging Ra-
diometer Suite (VIIRS) of the Soumi National Polar-orbiting Partnership (SNPP)
for the year 2012 (NOAA National Geophysical Data Center 2012) with a resolu-
tion of 15 arc sec (approximately 450 m). We apply a kernel function to distribute
the impact over a radius of approximately 10 km (Fig. 2.1b) as a conservative ap-
proximation meant to cover the night glow effects reported in the literature (Kyba
et al. 2011) along with the direct ecological impacts (Longcore and Rich 2004). In
each pixel, the light impact score is the sum of all the impact scores from the sur-
rounding light sources and it represents a relative measure aimed at encompassing
both the ecological aspect and the impact on the subjective wilderness experience
(Fig. 2.1b).

The last two metrics that we consider here are qualitative and quantitative mea-
sures of the human modification of ecosystems and thus they convey mainly, al-
though not exclusively, an ecological significance. Anthropogenic change of natural
habitat is one of the major drivers of biodiversity loss (Pereira et al. 2010) and it
has been studied extensively for a large range of taxa (Bolliger et al. 2007). The
most conspicuous element of habitat loss is the change in vegetation, and intact
vegetation cover has been used before as a wilderness indicator (Bryant et al. 1997).
Human changes in vegetation tips the balance in favour of species benefiting from
human presence and impacts habitat-sensitive ones (Leu et al. 2008). Therefore
we use here the deviation from potential natural vegetation (APNV) as a qualita-
tive measure of the human impact on the landscape. We used the potential natural
vegetation (PNV) classes of the map developed by Bohn et al. (2000). We calculate
the similarity of current land cover to PNV by estimating the probability that the
CORINE 2000 land cover class in any one location in Europe belongs to the local
PNV type (Bohn et al. 2000). The probability of agreement was classified in four
classes with different scores: assumed = 1, most probable =0.75, probable =0.5 and
possible =0.1. The resulting map was combined with the grazing density data from
Food and Agriculture Organization, which was previously linear transformed to a
scale from 0 to 1, where 1 represents a density of 20 heads/km? or more. We used
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grazing density to account for human transformations in semi-natural grasslands.
We expressed the dPNV value by subtracting from 1 the score calculated according
to the described methodology. (Fig. 2.1¢).

Through agriculture, hunting, fishing and forestry, humans are removing sig-
nificant quantities of biomass from the ecosystems. Primary productivity (PP) is
the foundation of trophic networks and it influences the structure and functions of
ecosystems in a domino effect across trophic levels (Haberl et al. 2004). Humans
have reduced drastically the PP available to other species and this has changed the
composition of the ecological communities (Barnosky 2008; Pereira et al. 2012).
We map the proportion of human harvested PP out of the total potential PP in Eu-
rope as another indicator of wilderness and using the data analysed in Haberl et al.
(2007). We calculated the harvested PP by extracting net PP remaining in ecosys-
tems after harvest from the net PP of the actual vegetation. We then calculated the
proportion of harvested PP by dividing net harvested PP by net PP of the potential
vegetation. The data are calculated based on country-level statistics of the Food and
Agriculture Organization (Haberl et al. 2007) while potential PP is estimated using
the Lund-Potsdam-Jena dynamic global vegetation model (Sitch et al. 2003). Some
abnormalities can be noticed in the harvested PP map which are due to the assump-
tions of the model and the FAO national level data. The map has to be interpreted
with this limitation in mind (Fig. 2.1d).

The four resulting maps based on the selected metrics show a common pattern
of high human footprint in the lowlands of central Europe (Fig. 2.1). The most un-
altered values of all metrics occur in high mountainous areas and Scandinavia. But
the differences at intermediate values of wilderness provide a key signal to what
are the strongest determinants of human footprint at regional level in Europe. For
example, although the dPNV is very low in almost all of Scandinavia (Fig. 2.1c), the
proportion of harvested PP is comparatively higher, consistent with high forestry
harvest in the Nordic countries (Fig. 2.1d). The reverse pattern is noticeable in the
Iberian Peninsula where although the drier climate restricts high harvesting of PP,
the current vegetation is quite far from PNV as measured in our map and consis-
tent with the degradation of the Mediterranean habitats (Myers et al. 2000). In the
same region, the significant differences between the inland and coastal values of the
night light impact and human access (Fig. 2.1a and b) indicates the high difference
between the human population densities inland compared with the coastal regions.
These differences in the distribution of human populations are masked in the PNV
score and harvested PP maps (Fig. 2.1c and d). The map of artificial light (Fig. 2.1b)
also points out to a discrepancy in the relative wilderness values in East and South-
East Europe compared with the dPNV score map for example (Fig. 2.1¢). The lower
economic activity in this area results in lower light impact although the level of
vegetation change is very high (Doll et al. 2006).

The lowest wilderness areas in Europe have usually low scores for all the wilder-
ness dimensions considered, and they represent mainly areas of high human densi-
ties and intense economic activity. Conversely, high wilderness areas are the wildest
from all the points of view taken here. But the areas of intermediate wilderness
values are strongly impacted by only one or two metrics with very low wilderness
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values. Especially dPNV and harvested PP have a farther reach, affecting even eco-
systems where infrastructure and artificial light impacts are reduced. These indica-
tors are connected with more extensive land-uses such as agriculture and forestry,
and less with high human population densities and infrastructure.

The synergies and interactions between the different elements of our wilder-
ness mapping emphasize even further their ecological significance. In areas of high
habitat quality the road mortality can be higher in absolute terms because it affects
more abundant populations (Patrick et al. 2012) while road lighting can increase the
impact of the road itself on the local ecological communities by favouring certain
types of predation (Rich and Longcore 2005) or providing additional perches for
improved hunting efficiency of raptors such as kestrels (Sheffield et al. 2001).

2.4 Wilderness Conservation

The designation, coverage and implementation of protected areas and Natura 2000
sites vary widely across European countries. However, looking at the continental
map, we discern some regional patterns in wilderness protection. Many mountain-
ous areas in the Pyrenees, the Apennines, the Massif Central and the Carpathians are
covered by Natura 2000 sites and, to a lesser extent, by nationally designated pro-
tected areas (Fig. 2.2) (European Environment Agency 2012a, b). Large protected
areas included both in the Natura 2000 network and in the national networks protect
the Scandinavian mountains. As already pointed out in the literature (Gaston et al.
2008), many of the designated areas overlap because countries have co-designated
under Natura 2000 and their own national systems. However, important differences
between the two protected areas systems can also be noticed (Fig. 2.2). For ex-
ample, the Iberian Peninsula and South-Eastern Europe seem to have a much larger
area under protection by the Natura 2000 network than from nationally designated
protected areas. Conservation seems to have benefitted in these areas from a push
from the European conservation policies (European Council 1979, 1992). Mean-
while, Germany and France have smaller and fewer terrestrial protected areas under
the Natura 2000 network than under the national network.

It has been suggested in the literature that the designation of protected areas has
been done opportunistically and thus that they are more likely to cover low produc-
tivity, high altitude, wilderness areas (Pressey et al. 1993; Margules and Pressey
2000). Although largely lacking continental coordination, Natura 2000 network has
some features common with systematic conservation planning and aims to protect
species and habitats threatened at continental level (Gaston et al. 2008). Surpris-
ingly however, the terrestrial Natura 2000 sites have a lower continental average
proportion of harvested PP than nationally designated protected areas: 26.7 % for
Natura 2000 sites against 34.3 % for the nationally designated protected areas. The
continental average values for the impact of artificial night light in Natura 2000
sites is 38 while in nationally designated protected areas network is 31, showing the
same pattern as in the case of harvested PP. However, we have to keep in mind that
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Fig. 2.2 Protected territory in Europe under the Natura 2000 network and nationally designated
protected areas
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there are big regional differences between the patterns of wilderness in protected
areas in Europe. For instance, analysis concentrating on Germany as a case study
demonstrated that the Natura 2000 areas in Western Germany largely fail to protect
the roadless and the low-traffic areas, whereas in former East Germany a better
congruence was achieved (Selva et al. 2011).

Indicative of higher resource availability, we verified that higher species richness
of megafauna species coincides with high wilderness. We selected the mammals
with an adult bodyweight of an average of 10 kg or more (Jones et al. 2009) from
the data of the Atlas of European Mammals (Mitchell-Jones et al. 1999). These in-
clude species of large herbivores and apex predators such as the wolf (Canis lupus)
and the lynx (Lynx lynx). We also selected the bird species with an adult bodyweight
of an average of 5 kg or more (Myers et al. 2013; Tacutu et al. 2013) using data from
the atlas of the European Bird Census Council (Hagemeijer and Blair 1997). These
species include several birds of prey as well as other species such as the great white
pelican (Pelecanus onocrotalus) or the great bustard (Ardeotis nigriceps). In the
end, we obtained a megafauna list of 30 mammal species and 13 bird species dis-
tributed in a grid of 50 x 50 km? covering the European territory. At a visual exami-
nation, the highest species richness areas in terms of megafauna coincide with high
wilderness areas in Europe such as the Carpathians, the Apennines and the Pyrenees
(Fig. 2.3). We calculated rank correlations between the megafauna species richness
and average values per grid cell of the four wilderness metrics. The results suggest
that wilderness and megfauna populations spatially coincide in Europe (p=0.18,
p<0.0001 for access from roads and settlements, p=—0.28, p<0.0001 for light im-
pact, p=0.34, p<0.0001 for dPNV score, p=—0.26, p<0.0001 for harvested PP).
There are several mechanisms that could underlie this pattern such as the direct
persecution of carnivores and birds of prey countered by conservation programs
in areas of lowest social conflict (Valkama et al. 2005; Enserink and Vogel 2006).
This pattern could also be related to a phylogenetic bias determined by the strong
predominance of a few bird and mammal orders in our selection which could be
limited to certain habitats only based on their common evolutionary history. We
also did not consider the possible spatial autocorrelation in our datasets. However,
from the perspective of abandonment, the spatial concurrence between megafauna
species richness and high wilderness is important because it means that abandoned
farmland closer to high wilderness areas will have a better chance of being repopu-
lated by these species. This will lead to a quicker recovery of trophic networks and
natural ecological processes.

2.5 Farmland Abandonment as Opportunity
for Wilderness Expansion

Farmland abandonment in Europe is a result of the economic and social changes at
national, continental and global levels. Abandonment happens especially in areas
where land productivity is not sufficiently high to sustain an adequate income for
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Fig. 2.3 Farmland abandonment in Europe projected for the year 2040 by the Dyna-CLUE model
based on four VOLANTE scenarios. We indicate in how many of the four scenarios land abandon-
ment is found significant across the continent
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farmers, even with the support of subsidies (Rey Benayas et al. 2007, see Chap. 1).
These land-use changes raise challenges in terms of lifestyles, social structure and
biodiversity (Munroe et al. 2013). Thus, predicting these changes has received con-
siderable importance in recent research. We map the areas in Europe where farm-
land abandonment is projected to take place based on the Dyna-CLUE model (Ver-
burg and Overmars 2009) (Fig. 2.3). For the projections of the social and economic
drivers driving farmland abandonment, we used four VOLANTE scenarios describ-
ing different development paths towards the year 2040 (Paterson et al. 2012). These
scenarios are loosely based on the Special Report on Emission Scenarios (SRES) of
the Inter-governmental Panel on Climate Change (Nakicenovic et al. 2000) and they
cover the range of socio-economic conditions across the axes of regionalization
versus globalization, and willingness versus reluctance against sustainable lifestyle
changes at the societal level. We indicate here in how many of the four scenarios
land abandonment is found significant across Europe (Fig. 2.3).

How will farmland abandonment affect wilderness value? The answer to this
question depends on where farmland abandonment takes place. Many areas of
abandonment can be found around mountainous regions such as the Apennines, the
Massif Central, the Carpathians, the Balkans, areas of higher altitude and lower pro-
ductivity that have already experienced abandonment in the past decades (Fig. 2.3).
These areas have a low density of human population and a low level of infrastruc-
ture development. As the human density will decrease even more, the use of arti-
ficial light will decrease as well, but the physical infrastructures will withstand for
longer than the outmigration of people albeit with lower intensity of use. Spurred
by the already existing infrastructure, many abandonment areas might also see a
surge in tourism, biofuels cultivation and renewable energy industries, replacing the
agricultural activities (Laiolo and Tella 2006).

From an ecological point of view, farmland abandonment will directly lead to a
decrease in harvested PP as grazing and cultivation are projected to drop. This will
increase the resources available to wild populations and ecosystems, and vegetation
cover will evolve towards a more natural state (Rey Benayas et al. 2007). Previous
studies have showed that increased availability of biomass and reduced presence
of humans lead to growing numbers of wild herbivores in south Asia (Madhusu-
dan 2004). The recovery of ecosystems to a wilderness state depends on rebuilding
natural trophic cascades and networks that are both resilient to natural disturbances
and able to sustain key ecosystem functions. In these networks, megafauna and
apex predators have a fundamental role, especially in the depleted conditions of the
current European biota (Schmitz 2006; Sekercioglu 2006; Johnson 2009; Ritchie
and Johnson 2009). For the natural recovery of ecosystems and the return of these
species, the presence of source populations is paramount and adjacency to existing
core wilderness areas will be a key driver (see Chaps. 4, 8).

We explore the chances for a natural recovery of European fauna by mapping
the distribution of megafauna (Fig. 2.4). The results are encouraging for many ar-
eas of future agricultural abandonment: megafauna richness is high in the adjacent
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areas and many wild populations have already begun to recover, especially in the
case of mammals (Enserink and Vogel 2006). In the case of birds, the literature
reports significant changes in the community patterns due to abandonment, espe-
cially negative effects on populations of farmland birds with narrow habitat prefer-
ences (Sirami et al. 2008). The correlation between the number of mammal species
and the percentage of projected abandoned area in a grid cell is p=0.14 (p<0.001)
whereas for bird species it is negative at p=—0.15 (p<0.001). Thus megafauna
mammal species might be in a better position to take advantage of the new resourc-
es and space made available by farmland abandonment. We did not consider here
the possible spatial autocorrelation of the data because we were interested only in
the spatial coincidence between abandonment and megafauna.

However, some of the future abandoned areas have been affected by invasive
species, fire suppression practices, and missing trophic links during thousands of
years of human use (Proenca et al. 2010; Wehn et al. 2011). Thus abandonment may
not be sufficient to return these areas to a vegetation close to PNV in a short term
without management actions (see Chap. 8). But even in these areas the abandon-
ment will have immediate positive effects on wildlife by reducing human distur-
bance, increasing landscape connectivity, and releasing ecological processes from
human control and thus increasing the wilderness value of the land (see Chap. 1).

Aplet et al. (2000) describe the two dimensional space defined by the axes of
freedom and naturalness as a framework for wilderness management. Freedom is
understood as the absence of human control over ecological processes (i.e self-
willed) while naturalness is the degree to which ecosystems are close to an accepted
ecological benchmark. Such a framework is readily usable for mapping the trade-
offs related to human management in areas affected by invasive and exotic species,
thus increasing naturalness but decreasing freedom (Landres et al. 2000; Sydoriak
et al. 2000), but also the current views on rewilding as some advocate for serious
management commitments in order to achieve a certain perception of wilderness
(Donlan et al. 2006). However, we consider that the ultimate aim of rewilding is
not to recreate some image of pre-human ecosystems, but to facilitate new, self-
regulating systems that appear naturally out of the current conditions. A realistic
expectation is that in the absence of human management, the new rewilded areas
will form novel ecosystems that share elements with the pre-human past but also
integrate current factors. Minimum human management and this new wilderness of
natural and self-sustaining ecosystems should be the goal of rewilding.

2.6 Conclusions

Wilderness in Europe has been pushed into the high altitude areas of the mountain
ranges and into the high latitude areas of Scandinavia. The metrics we use here agree
on the general patterns of European wilderness but regional differences between our
metrics emphasize the different factors that affect wilderness values regionally and lo-
cally (Fig. 2.1). New opportunities for wilderness expansion have appeared in Europe
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Fig. 2.4 Species richness of European megafauna. We calculate it as the number of species of
mammals with adult body mass equal or higher than 10 kg and birds with adult body mass equal or
higher than 5 kg in each grid cell
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due to farmland abandonment and a decrease of human presence can lead to a drop
in several human footprint indicators and a recovery of natural trophic networks. Al-
though management trade-offs have to be made in some places between intervening
for a faster recovery and stepping back for an unrestrained adaptation of ecosystems,
we favour an approach of minimum intervention and self-regulating ecosystems.

The next few decades are crucial for how wilderness will evolve in Europe. New
research is necessary on how different dimensions of wilderness will change as a
result of land use changes and what will be the effects on ecosystems and wildlife.
Moreover, research is need on how to restore not only ecosystems but also the col-
lective memory to encompass what wilderness may have been like, what it is and
what it may or should be. This would help consolidate the crucial link between
research on one hand, and management and policy on the other, an area that still
requires substantial work (see Chap. 11). Challenges remain in bringing together
rewilding views, and negotiating diverging social and economic interests. A focus
on the benefits of natural ecosystem for the society at large can ease the tensions be-
tween different stakeholders in continental policy-making. From a global perspec-
tive, Europe will continue to be at the lower end of the wilderness continuum (Mit-
termeier et al. 2003) but favourable opportunities are arising at continental level to
improve ecosystem functions and we should seize them wisely.
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Abstract: Farmland abandonment takes place across the world due to socio-economic and ecological drivers.
In Europe agricultural and environmental policies aim to prevent abandonment and balt ecological succes-
sion. Ecological rewilding bas been recently proposed as an alternative strategy. We developed a framework to
assess opportunities for rewilding across different dimensions of wilderness in Europe. We mapped artificial
light, buman accessibility based on transport infrastructure, proportion of barvested primary productivity
(i.e., ecosystem productivity appropriated by bumans through agriculture or forestry), and deviation from
potential natural vegetation in areas projected to be abandoned by 2040. At the continental level, the levels
of artificial light were low and the deviation from potential natural vegetation was bigh in areas of aban-
donment. The relative importance of wilderness metrics differed regionally and was strongly connected to
local environmental and socio-economic contexts. Large areas of projected abandonment were often located
in or around Natura 2000 sites. Based on these resulls, we argue that management should be tailored to
restore the aspects of wilderness that are lacking in each region. There are many remaining challenges
regarding biodiversity in Europe, but megafauna species are already recovering. To further potentiate large-
scale rewilding, Natura 2000 management would need to incorporate rewilding approaches. Our framework
can be applied to assessing rewilding opportunities and challenges in other world regions, and our results
could guide redirection of subsidies to manage social-ecological systems.

Keywords: biodiversity policy, conservation management, farmland abandonment, land-use change, Natura
2000, rewilding, wilderness

Mapeo de Oportunidades y Retos para el Retorno de la Vida Silvestre

Resumen: El abandono de tierras agricolas ocurre en todo el mundo debido a factores socio-economicos y
ecologicos. En Europa, las politicas ambientales y agricolas tienen el objetivo de prevenir el abandono y frenar
la sucesion ecologica. La reintroduccion o el retorno de la vida silvestre (“rewilding”) representa una estrategia
alternativa a esto. Desarrollamos un marco de trabajo para evaluar las oportunidades de reintroduccion en
diferentes dimensiones de naturaleza a lo largo de Europa. Mapeamos la luz artificial, la accesibilidad para
bumanos con base en la infraestructura de transporte, la proporcion de productividad primaria (es decir,
la productividad del ecosistema incautado por los bumanos por medio de la agricultura o la silvicultura) y la
divergencia de vegetacion natural potencial en dreas que se proyecta estardn abandonadas para el 2040. A
nivel continental, los niveles de luz artificial fueron bajos y la divergencia de vegetacion natural potencial fue
alta en las dreas de abandono. La importancia relativa de las medidas de naturaleza difirio regionalmente y
estuvieron conectadas fuertemente a los contextos ambientales y socio-economicos locales. Las grandes dreas
de abandono proyectado estuvieron localizadas frecuentemente en o alrededor de sitios Natura 2000. Con
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base en estos resultados, argumentamos que el manejo deberia ser fabricado para restaurar los aspectos
de la naturaleza que son carentes en cada region. Todavia quedan muchos obstdculos con respecto a la
biodiversidad en Europa, pero las especies de megafauna ya se estan recuperando. Para potenciar aiin mds la
reintroduccion a gran escala, el manejo de Natura 2000 necesitaria incorporar estrategias de reintroduccion.
Nuestro marco de trabajo puede aplicarse a la evaluacion de las oportunidades de reintroduccion y a los
obstdculos en otras regiones del mundo, y nuestros resultados pueden guiar la redireccion de los subsidios

para manejar los sistemas socio-ecologicos.

Palabras Clave: abandono de tierras agricolas, cambio en el uso de suelo, manejo de la conservacion, Natura

2000, naturaleza, politicas de biodiversidad

Introduction

Since the development of agriculture, large areas
have been converted into farmland across the world
(Ramankutty et al. 2002). Changes in technology,
productivity, and markets have also led to abandonment
of farmland in several instances (Fig. 1). In North America,
immigration, population growth, and frontier explo-
ration resulted in the cultivation of huge areas of
the continent (Nash 2001). However, due to strong
competition from agriculture in the Midwest and the
Great Planes, farmland started to be abandoned in the
northeastern United States from the middle of the 19th
century onward (McGrory Klyza 2001). In tropical
regions, many agricultural systems are still based on
slash-and-burn techniques, which can be viewed as
short-term abandonment (Namgyel et al. 2008; Siebert
& Belsky 2014). In Europe, a modeled reconstruction of
the land-use changes between 1950 and 2010 suggests
that cropland has decreased by almost 19%, whereas
pastures and semi-natural grasslands have decreased by
almost 6% (Fuchs et al. 2012). Similarly, there has been a
decrease in rural population of 17% since the beginning
of the 1960s (Navarro & Pereira 2012).

In mountain areas and other marginal lands in Europe,
cultivation has provided subsistence to local communi-
ties for many years. Upon globalization of agricultural
markets and increased labor costs, agriculture in many
of these areas is no longer profitable and abandonment
occurs (Rey Benayas et al. 2007). However, extensive
agriculture has supported high biodiversity of several
taxa (Fischer et al. 2012), and there is a strong cultural
attachment to these landscapes (Navarro & Pereira 2012).
Although there are both species that benefit and species
that are negatively affected by farmland abandonment
(Sirami et al. 2008; Navarro & Pereira 2012), its impact
on biodiversity is often perceived of as solely negative
(Queiroz et al. 2014). Much of current European policy
and legislation on biodiversity focuses on the protection
of habitats and species characteristic of extensive farm-
land, including through mowing, subsidized grazing, and
sowing of grasslands (EC 1979, 1992). Moreover, agri-
environmental schemes included in the Common Agri-
cultural Policy of the European Union provide subsidies
for the maintenance of traditional agricultural practices
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(EEA 2004). Despite these policies, farmland abandon-
ment and ecosystem changes are projected to continue
in Europe (Verburg & Overmars 2009).

Rewilding has been proposed as an alternative ap-
proach to manage farmland abandonment in Europe.
There are several approaches to rewilding, from the
restoration of Pleistocene ecosystems (Donlan et al.
2006), with an emphasis on reintroduction of extinct
species, to the passive management of ecological succes-
sion after abandonment, with an emphasis on restoring
natural ecosystem processes and reducing the human
influence on landscapes (Pereira & Navarro 2015). The
latter approach has been called ecological rewilding
(Pereira & Navarro 2015).

We developed a framework to explore the opportu-
nities and challenges for ecological rewilding in Europe.
We mapped wilderness quality in areas projected to be
abandoned by 2040. We define wilderness as area of
minimum human influence (Carver et al. 2012) as mea-
sured here by 4 metrics: artificial light at night (night
light) (Sanderson et al. 2002), human accessibility (Carver
etal. 2012), proportion of harvested primary productivity
(pHPP) (Haberl et al. 2007), and deviation from potential
natural vegetation (dPNV) (Rosati et al. 2008). These met-
rics indicate important human modifications that affect
multiple taxa and ecosystem structure (Forman 2003;
Haberl et al. 2005; Rich & Longcore 2005; Timmermann
et al. 2015). Our hypothesis is that different wilderness
metrics lead to the identification of different opportu-
nities and management options for rewilding. We also
investigated how current protected area systems support
rewilding in and near areas of projected abandonment.
We hypothesize that many areas undergoing abandon-
ment are located around Natura 2000 sites, which are
often managed for the maintenance of farmland habitats,
which poses challenges for rewilding.

Methods

We used the land-use change projections of the Dyna-
CLUE model at a resolution of 1 km? (Verburg & Over-
mars 2009) to identify areas undergoing farmland aban-
donment in Europe. Available Dyna-CLUE projections are
restricted to the European Union before 2013, the EU27
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Figure 1. Areas projected to be converted from agriculture to natural areas between 2000 and 2040 based on the
IMAGE 2.2 model at a 0.5x0.5 degree resolution (Alcamo et al. 2005) and 4 scenarios of the Millennium
Ecosystems Assessment (Alcamo et al. 2005; Cork et al. 2005): Order from Strength (0S), Global Orchestration,
TecbnoGarden, and Adapting Mosaic. We used the OS scenario for the baseline projections of 2000. The bar graph
shows the percentage of past and the projected future conversion from agriculture to natural areas in each world

region based on the OS scenario.

(27 countries). We used 4 socio-economic VOLANTE
scenarios that describe different policy and management
choices in Europe (Paterson et al. 2012). We considered
abandonment only if it was predicted in at least 3 of the
scenarios.

We mapped 4 metrics of wilderness in Europe at a
4 km? resolution. We calculated the pHPP based on
the potential net primary productivity and net harvested
primary productivity data sets of Haberl et al. (2007).
Net harvested primary productivity is the ecosystem pro-
ductivity appropriated by humans through agriculture or
forestry. We mapped accessibility based on travel time
considering terrain ruggedness and land-cover data from
transport infrastructure to each pixel (Carver & Fritz
1999; EUROSTAT 2006). The dPNV is an estimate of the
similarity between the current land cover and the poten-
tial natural vegetation (PNV). We used the CORINE 2000
land-cover map for the current vegetation classes (EEA
2012a) and the map developed by Bohn et al. (2000)
based on expert assessment as the reference PNV. We
calculated the night light impact based on high resolu-
tion satellite imagery (NOAA National Geophysical Data
Center 2012). The light impact score per pixel was the
sum of impact scores from the surrounding light sources
over a radius of approximately 10 km. These wilderness
metrics partially overlapped with parameters used in the
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Dyna-CLUE model as determinants of land use allocation;
therefore, our results should be interpreted carefully. For
protected areas, we used the World Database of Protected
Areas (World Conservation Union and UNEP-World Con-
servation Monitoring Centre 2007) and data on the Natura
2000 network (EEA 2012b).

We extracted the values of the metrics at the location
of projected abandonment from the values calculated at
continental level with a bivariate normal kernel function
with a radius of approximately 10 km. We split the raster
values for all wilderness metrics across the EU27 into
quantiles to calculate the amount of farmland abandon-
ment at different ranges of wilderness. We identified the
percentage of abandonment areas that fell within the
10%, 25%, 50%, and 75% highest levels of wilderness for
accessibility, pHPP, and dPNV. The division into quan-
tiles of the night light data was less precise due to many
ties in the values. Therefore, we used the 16.7%, 33.3%,
50%, and 83.3% of the area with the highest levels of
wilderness for night light. Because the night light data set
was restricted to areas south of 66°N parallel, the quan-
tiles of all metrics were calculated after clipping each
data set to this region. We mapped the overlap between
dPNV and pHPP by calculating the difference between
the normalized values of the 2 metrics. We calculated
the projected abandonment around protected areas by

Conservation Biology
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Figure 2. Wilderness value for areas of farmland abandonment based on (a) artificial night light,

(b) buman accessibility score, (¢) proportion of barvested primary productivity, and (d) deviation from potential
natural vegetation within a radius of 10 km. High scores of these metrics correspond to low wilderness. The initial
resolution of the data sets was 1 km?, but pixel size is 3 times larger to increase visibility of the considered areas.
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Table 1. Percentage of projected agricultural abandonment within the
upper 10%, 25%, 50%, and 75% of highest wilderness values calculated
at continental level for the human access score, percentage of harvested
primary productivity (pHPP), deviation from potential natural vegeta-
tion (dPNV), and night light.

Metric Quantiles of wilderness values
10% 25% 50% 75%
Human access 4.4 17.4 47.1 77.7
pHPP 4.7 17.5 48.1 81.7
dPNV 0.6 8.4 43.4 82.1
Night light* 73.7 87.2 91.3 96.8

*For artificial night light, we used 16.7%, 33.3%, 50%, and 83.3%
bighest wilderness values because the clumping of data does not
allow for exact quantile definition.

measuring Euclidian distance to the borders of protected
areas of IUCN category I and II and to Natura 2000 sites.
A detailed description of the data sets and methods is in
Supporting Information.

These wilderness metrics outline human impacts on
biodiversity and ecosystem function. The effects of ar-
tificial light are documented for invertebrates (Davies
et al. 2012), fish (Becker et al. 2013), birds (Gauthreaux
Jr & Belser 2006), and mammals (Boldogh et al. 2007).
The strongest effects are direct mortality, modification of
community structure, and disruption of migratory routes
(Rich & Longcore 2005; Gaston et al. 2013). Furthermore,
artificial light produces a night glow effect at distances
of several kilometers from the light sources (Kyba et al.
2011). Roads and human accessibility have impacts at
individual, species, and community level through direct
mortality of several taxa (Forman & Alexander 1998;
Forman 2003). Roads and traffic can also cause pollu-
tion (Pagotto et al. 2001) and avoidance behaviors in
mammals (Whittington et al. 2005; Kitzes & Merenlender
2014), and favor the expansion of invasive species
(Vicente et al. 2010) and of human-favored predators
(Alterio et al. 1998). The other two metrics, pHPP and
dPNV, are indicative of the current ecological and veg-
etation structures and the amount of primary productiv-
ity available within trophic networks. Vegetation type is
fundamental in the structuring of ecosystems (Bridgeland
etal. 2010), and the amount of primary productivity avail-
able in the ecosystems has effects on species abundance
(Madhusudan 2004) and richness (Haberl et al. 2005).

Wilderness metrics in abandonment areas

Farmland areas projected to be abandoned in at least
3 scenarios covered 4.2% of the land area in EU27. The
maps of wilderness metrics offered snapshots of the
current human impact in areas to become abandoned
(Fig. 2). More than 87% of abandonment was predicted
to occur in the 33% of the area with the highest wilder-
ness as defined by night light (Table 1). In contrast, 8.4%
of predicted abandonment occurred in the 25% of the
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area with the highest wilderness as defined by dPNV
(Table 1). Accessibility and pHPP had intermediate val-
ues: 17.4% and 17.5% of abandoned areas were predicted
to be, respectively, in the 25% highest wilderness areas
as defined by these metrics. This confirms that farmland
areas most prone to abandonment exhibit low to moder-
ate levels of infrastructure development and low popula-
tion density (Navarro & Pereira 2012). Areas of predicted
abandonment in central Europe had higher accessibility
due to higher infrastructure development than in other
parts of Europe (Fig. 2b). Elsewhere on the continent,
areas projected to be abandoned are relatively remote
rural regions with a long history of landscape modifica-
tion and low productivity and are often located in moun-
tains, where limits to mechanization make it difficult to
compensate for low productivity (MacDonald et al. 2000;
Navarro & Pereira 2012).

Identifying areas of agreement and disagreement be-
tween pHPP and dPNV at continental and regional scales
provides further information on the diversity of local
contexts for rewilding (Fig. 3). Although both pHPP
and dPNV are strongly related to farming activities, their
spatial distribution was quite different (Fig. 3) as a result
of underlying environmental drivers, land-use histories,
and the degree to which agricultural activities create land-
scapes closer to or farther away from the natural refer-
ence points. Large urban areas such as London, Paris, and
Berlin had very high dPNV and very low pHPP (Fig. 3a).
In contrast, most mountainous areas showed low dPNV
and relatively high pHPP (Fig. 3b), presumably as cat-
tle grazing at high elevations does not produce a high
deviation from the original alpine grasslands (Fig. 3b).
Areas such as the Iberian Peninsula and large areas of
Eastern Europe showed strongly modified vegetation but
a lower pHPP than the intensive agricultural regions in
Western Europe (Figs. 3a & 3¢). This is expected because
technological progress has allowed agriculture to gradu-
ally intensify in the most productive and easily mecha-
nized lands, whereas climate and biophysical limitations
have not allowed some systems, for example in Southern
Europe, to increase their productivity above a certain
threshold (Pinto-Correia & Mascarenhas 1999). Low lev-
els of mechanization can also be due to economics in
areas such as the former socialist countries (Miiller et al.
2009) or to local socio-economic factors such as farm
size or existing conservation policies. The continuation
of low intensity agriculture has nevertheless maintained
ecosystems in a modified state throughout many areas of
Europe (Ceausu et al. 2015).

Protected Areas and Abandonment

In Europe, nationally designated protected areas are
based on classifications that often can be mapped to the
International Union for Conservation of Nature (IUCN)
categories. Protected areas of category I (strict nature
reserves and wilderness areas) and II (national parks)

Conservation Biology
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Figure 3. Areas of agreement between the proportion of barvested primary productivity (pHPP) and the deviation
Jfrom potential natural vegetation (dPNV) in (a) Europe, (b) abandonment locations in the Alps and northern
Apennines, and (¢) abandonment locations in the Iberian Peninsula (in the online version, yellow represents
areas where the normalized values of pHPP and dPNV are equal or close to equal; blue, pHPP is higher than
dPNYV; red, dPNV is bigher than pHPP).

The initial resolution of the data sets was 1 km?, but pixel size is 3 times larger to increase the visibility of areas
considered in (b) and (c).

Table 2. Proportion of projected agricultural abandonment within a 5-km and a 10-km radius around the protected areas of International Union
for Conservation of Nature (IUCN) category I and II and Natura 2000 sites.”

Abandonment Abandonment in Abandonment in
Type of protected area EU27° area inside a 5 km radius a 5-10 km radius
TUCN category I and II 2.7 1.2 29 3.6
NATURA 2000 17.9 14.4 319 221

“The areas of the radii are not overlapping and do not contain the areas inside the protected areas.
”Em’opean Union before 2013 (27 countries).

directly address the maintenance and support of natural II occupy only 2.7% of the EU territory (Table 2). These
ecological processes and minimum human intervention areas are biased toward large wilderness areas that have
(Dudley 2008) and therefore would be the most favorable low human presence and thus no agriculture to be aban-

to rewilding. However, protected areas of category I and doned (Dudley 2008; Joppa & Pfaff 2009). As a result,
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approximately 4% of projected abandonment was inside
or within a 5-km radius around protected areas of IUCN
category I and II (Table 2).

National systems of protected areas coexist with
Natura 2000, the European Union system of protected
areas. The Natura 2000 network occupies almost 18% of
the EU territory (Table 2) and aims to maintain specific
species and habitats in a “favorable conservation status”
(EC 1979, 1992). Many of the species and habitats under
the Natura 2000 management guidelines are characteris-
tic of extensive farmland and early successional habitats
(Halada et al. 2011; Prach et al. 2013). Almost half of pro-
jected abandonment was predicted to occur in or within
a 5-km radius of Natura 2000 sites (Table 2). Therefore,
to potentiate rewilding in those regions, Natura 2000
management guidelines have to be expanded to include
rewilding actions.

Policies and Management for Rewilding

The speed at which different dimensions of wilderness
will respond to farmland abandonment varies. The pHPP
will respond almost immediately (Fig. 4) because land
abandonment, even if progressive or partial, corresponds
to a decrease in the appropriation of ecosystem produc-
tivity. Decreased pHPP can lead to the restoration of
natural vegetation and a decrease in dPNV. However,
several obstacles make it difficult not only to predict
the amount of time taken by ecosystems to reach a
new equilibrium but also to predict how close the novel
ecosystems will be to the PNV (Vera 2000; Rey Benayas
et al. 2007) (Fig. 4). Climate change may lead to modi-
fied patterns of PNV (Hickler et al. 2012). Additionally,
levels of natural herbivory and other disturbances to nat-
ural succession (e.g., fire, flood, wind) will be distinct
in post-abandonment landscapes in present Europe from
the Pleistocene or pre-agricultural Holocene (Fuhlendorf
et al. 2009). Thus, management actions to increase pop-
ulations of wild herbivores through no-hunting zones or
reintroductions could promote the restoration of natural
vegetation. Moreover, the recovery of forest vegetation is
often hindered by the isolation of current seed banks (Rey
Benayas et al. 2008). In some areas, local forest species
have been replaced by non-native species planted mainly
for commercial purposes, and the structure and compo-
sition of these communities differ from those of native
communities (Proenca et al. 2010). Planting of woodland
islets with native trees could accelerate rewilding (Rey
Benayas & Bullock 2015).

Other dimensions of wilderness may also have a de-
layed response to abandonment. Artificial light may
decrease soon after abandonment, but due to the pres-
ence of public light infrastructure and the development
of new activities in the landscape, such as tourism
(Cerqueira et al. 2015), some degree of artificial light
may persist for long periods. Policies can promote the
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progressive decrease of public lighting and foster tourism
infrastructure that uses low light pollution architecture
(Salmon 20006). Accessibility may be the slowest to re-
spond to abandonment because roads will persist for
a long time. Still, a decrease in traffic could lead to a
decrease in the effects of road mortality on animal pop-
ulations (Forman 2003) and a decrease in other negative
effects such as noise and pollution (Summers et al. 2011).
Policies could promote decreased accessibility by pro-
moting road removal or implementing traffic limitations
(Switalski et al. 2004).

Biodiversity Dynamics of Rewilding

Rewilding will often result in the increase of forest cover,
leading to many specialist species of open areas becom-
ing less abundant and more spatially restricted. Com-
mon farmland birds and grassland butterflies are already
becoming less abundant (Tryjanowski et al. 2011; Van
Swaay et al. 2012), although much of this decrease is
probably attributable to agriculture intensification (Don-
ald et al. 2006). At the same time, several species in
Europe are taking advantage of the spaces and resources
made available by land abandonment, such as the gray
wolves (Canis lupus) and brown bears (Ursus arc-
tos) (Enserink & Vogel 2006; Gehrig-Fasel et al. 2007;
Chapron et al. 2014). This megafauna increase is also
an outcome of decades of conservation policies (e.g.,
Hoffmann et al. 2010; Deinet et al. 2013; Navarro &
Pereira 2015), including species protection regulations
such as the Habitats and Birds Directives and national
legislations; the implementation of national protected ar-
eas and the Natura 2000 network; and reintroduction
programs of keystone and emblematic species, such as
the European bison (Bison bonasus) (Kuemmerle et al.
2010) and the Iberian lynx (Lynx pardinus).

Current populations of megafauna spatially coincide
with high values of wilderness metrics and with projected
areas of abandonment, especially in mountainous areas,
thus raising the possibility of migration into the newly
available space (Ceausu et al. 2015). Moreover, rewilding
will increase connectivity of natural habitats, supporting
the adjustment of ranges to climate change (Lindner et al.
2010).

How biodiversity dynamics will continue to evolve af-
ter abandonment and what rewilding strategies should be
implemented are active areas of research. Timmermann
et al. (2015) showed that despite management interven-
tions to maintain extensive farmland in Denmark, vegeta-
tion structure continued to change. Some scientists argue
that pre-farming levels of herbivory were sufficiently high
to maintain a mosaic of woods and grasslands (Vera 2000;
Sandom et al. 2014). Thus, several approaches to rewil-
ding in Europe are based on filling the ecological role
of extinct wild herbivores (Vera 2000; Monbiot 2013).
However, several recent studies suggest that Europe was
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mostly covered by closed canopy forests until humans
created open landscapes (Birks 2005; Mitchell 2005). We
hypothesize that in former and novel landscapes, fire,
storms, and diseases could generate a fluid mosaic of early
successional habitats in a predominantly closed forest
(Navarro et al. 2015). An open question is whether large
herbivores can delay succession by selectively grazing
open areas, particularly in the presence of predators. In
any case, one would not expect a lack of open habi-
tats in a post-abandonment Europe, including remain-
ing agricultural areas and areas where abiotic factors
limit tree recruitment, such as high elevation areas and
wetlands.

A Global Perspective on Abandonment and Rewilding

Reponses to farmland abandonment differ across the
world. In several regions, such as Australia, there are few
agricultural subsidies (Productivity Commission 2005),
and abandonment has been taken up as an opportunity
for restoration of native vegetation (Cramer et al. 2007).
In other countries, agricultural subsidies have been
implemented to halt abandonment. Many of these sub-
sidies are justified by environmental concerns but are
also driven by socio-economic considerations (Mattison
& Norris 2005; Batie 2009).

Agricultural policies have also changed over time, sub-
ject to globalization trends and protectionist tendencies
(Mattison & Norris 2005). In the 19th century, the re-
sponse to abandonment in the northeastern United States
was the acquisition of land by government to encourage
reforestation and restoration (McGrory Klyza 2001). Dur-
ing the economic depression of the 1930s, agricultural
subsidies were designed as a support for farmers. In the
more recent decades, they have also addressed environ-
mental issues (Mattison & Norris 2005). In the past, the
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abandonment). High values of each
Time metric correspond to low wilderness.

emphasis of these measures was to provide incentives
for setting aside areas for wildlife habitat (Haufler et al.
2005). But funding has now shifted toward mitigating the
impacts of agricultural intensification and the funding for
wildlife habitat has decreased (Mayrand et al. 2003). Many
previously set aside areas have now been brought back
into production, especially for biofuels (Avery 2000).

Wilderness mapping can support the development of
rewilding strategies in these different agricultural con-
texts. Our analyses confirmed our hypotheses that differ-
ent wilderness metrics reveal different priorities and that
abandonment areas in Europe are close to Natura 2000
sites. Rewilding actions can be prioritized toward im-
proving the wilderness metrics lacking in a certain region
(e.g., decreasing infrastructure in areas of high accessibil-
ity). The management of protected areas can also be used
to facilitate rewilding in areas of high abandonment. In
marginal agricultural regions where agricultural subsidies
are politically difficult to remove, subsidies can be shifted
to rewilding measures such as the creation of no-hunting
zones and wildlife habitat (Merckx & Pereira 2014).

Conservation management in the face of anthro-
pogenic change represents an issue of global importance.
Soulé (1985) argues that the role of conservation should
be to protect nature for its intrinsic value and ensure pro-
tection for the least disturbed ecosystems. Kareiva and
Marvier suggest instead that conservation should focus
on human modified systems because ecological dynam-
ics are tightly connected to human dynamics (Kareiva &
Marvier 2012). A rewilding approach recognizes that the
majority of ecosystems have been modified by humans,
but identifies opportunities for decreasing the human
pressure on ecosystems and restoring the more natural
biodiversity dynamics and ecosystem services associated
with wilderness (Naidoo et al. 2008; Cerqueira et al.
2015).
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Supplementary information

Description of datasets

Projections of farmland abandonment — Global scale

We used for Figure 1 global land-cover maps produced for the Millenium Ecosystems Assessment
(MA) for 1970, 2000, and 2040 based on the IMAGE 2.2 model at a 0.5 by 0.5 degree resolution
(Alcamo et al. 2005). We chose the Order from Strength maps as a baseline for 1970 and 2000, and
used the projections with the four scenarios of the MA for 2040: Order from Strength, Global
Orchestration, Technogarden, and Adapting Mosaic (Cork et al. 2005). For each scenario, we
identified cells that were classified as agriculture in the baseline map of 2000, and were classified
as natural in 2040. Thus, those cells represent the "agricultural abandonment and revegetation".
Combining all four maps provides a global map of abandonment and revegetation indicating the
level of agreement between scenarios, i.e. whether a cell was considered as abandoned and

restored in one and two scenarios, or in three or four scenarios (see legend of Figure 1).

We calculated, per continent, the ratio between the number of cells classified as abandoned and
restored in at least 3 scenarios in 2040, and the number of cells classified as agriculture in the 2000
baseline (see bar plot, white bars). The same ratio was calculated for the two baseline maps of 1970
and 2000 (see bar plot, black bars). Note that the projections do not distinguish between natural

and planted forest.
Projections of farmland abandonment — European scale

We use the farmland abandonment projections of the Dyna-CLUE model (Verburg & Overmars
2009) based on four socio-economic scenarios (Paterson et al. 2012). Similarly to the well-known
Special Report on Emissions scenarios of the Intergovernmental Panel on Climate Change (IPCC
2013) these scenarios range across two axes: regionalization versus globalization; and inclination
versus aversion towards sustainable lifestyle choices and the level of regulation to achieve these.
As an indicator of areas with a relatively high chance of facing abandonment, we chose for our

analysis the areas of farmland abandonment predicted in at least three of the four scenarios.

The farmland abandonment projections of the Dyna-CLUE model (Verburg & Overmars 2009) have
an initial resolution of 1 km?2. This model has a better resolution than the model used for Figure 1

and it was constructed specifically for the European context, thus we preferred to use it for our
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analyses. This model combines a land-use allocation module based on land demand at regional level,

with a bottom-up module describing land-use conversions determined by local processes.
Wilderness metrics datasets

We calculate proportion of harvested primary productivity (pHPP) based on the datasets provided
by Haberl et al. (2007) for net potential primary productivity (PPo) and net harvested primary
productivity (HPP). We calculated pHPP as the ratio between HPP and PP,. Haberl et al. (2007) have
derived potential primary productivity (PPo) from the Lund-Potsdam-Jena dynamic global vegetation
model (Sitch et al. 2003) and harvested primary productivity (HPP) based on the data of the Food
and Agriculture Organization (FAO). The FAO data is based on national statistics which can have

different degrees of accuracy (Haberl et al. 2007) and thus it presents some limitations.

For the deviation from potential natural vegetation (dPNV) dataset, we used the potential natural
vegetation (PNV) map developed by Bohn et al. (2000) based on expert assessments. We used the
CORINE 2000 land cover classes to compare PNV with current land cover and calculate the deviation
from each other. In order to estimate the probability of coincidence, we classified the relationships
between the current land classes and the PNV classes according to four different scores: 1 =
assumed coincidence, 0.75 = most probable, 0.5 = probable and 0.1 = possible. To correct for
anthropogenic pressure in terms of livestock grazing impacts on semi-natural grassland, we also
integrated FAO data on grazing density that was linear transformed to the interval [0-1], with 1
representing a density of 20 heads/km? or more (FAO 2006). There are some criticisms regarding
the PNV dataset. The more controversial regions are areas of the Iberian peninsula and of the
Pannonian region (Hickler et al. 2012). These are areas in which our PNV data indicate forests as the
natural vegetation but the dry climate in southern Europe, for instance, could also favor a shrubland

type of vegetation (Hickler et al. 2012).

For the accessibility data, several datasets were aggregated: travel time as a measure of
remoteness, night lights as a measure of the absence of artificial structures and population density
(EUROSTAT 2006). The last two datasets were scaled directly to the [0-1] interval while. The travel
time was calculated using a cost-distance approach based on the Naismith’s Rule of different
relative travelling times (Carver & Fritz 1999) based on the data from the Eurogeographics Roads
and Open Street Map databases. The results were adjusted for terrain ruggedness based on data
from the Shuttle Radar Topography Mission at 1 km resolution (SRTM) and for land cover based on
CORINE 2000 and 2006. The adjustment of traveling times was done through a GIS-grid-based model

in which steep slopes (>40°) have a negative impact on traveling time by forcing a traveller to
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circumvent them. The Naismith’s Rule assumes that a person can walk at a speed of 5km/h on flat
terrain and with decreasing speed for ascending and descending slopes, depending on the degree
of the slope. Additionally, a relative cost surface is assumed for all land-cover types where, for
instance, marshland and forests require longer travel times than grasslands and pastures. Heather
and forest are assumed to have walking times of 3km/h while bogs would be crosses at 2 km/h.
Rivers and water bodies were considered as absolute barriers, with the exception of the cases where
a bridge exists. The travel time, night light and population density datasets were then combined

with equal weights for the final human accessibility layer.

We mapped the impact of artificial night light within a spectral range of 0.5 - 0.9 um by applying a
normal kernel function over a radius of approximately 10 kilometers to account for both ecological
and sensorial effects regarding the human perception of wilderness (Longcore & Rich 2004; Kyba et
al. 2011). The data were obtained from the Visible Infrared Imaging Radiometer Suite (VIIRS) of the
Suomi National Polar-orbiting Partnership (SNPP) for the year 2012 (NOAA National Geophysical
Data Center 2012) with a spatial resolution of 15 arc seconds. Artificial night light data for the
European areas north of approximately 66° latitude is missing from the original dataset. We
therefore excluded these areas also from the other wilderness metrics datasets when doing

comparisons between these data.
Analyses

Extraction of wilderness values at the locations of potential abandonment and rewilding

All data extraction and analyses were performed in ArcGIS v10.2.1 (Esri, California, USA). We
harmonized the resolution of all the wilderness metrics by bringing all dataset to the finest
resolution, that of the light dataset of approximately 450mx300m. For the extraction of metrics
values at abandonment locations, we applied to the harmonized datasets a bivariate normal kernel
function that covers a circular area of a radius of approximately 10 km in order to account for the
surrounding areas but give increasing importance to points closer to the locations of abandonment.
We chose a radius of 10 km for our wilderness calculation in order to approximate the maximum
typical distance for seed dispersal, taking into account the contribution of both biological and
physical dispersers (Clark et al. 1999; Nathan & Muller-Landau 2000), from possible source
populations into the newly abandoned areas (Rey Benayas et al. 2008). Such distances are also a
good approximation for the dispersal of other species important for wild ecosystems such as

carnivores and large herbivores (Sutherland et al. 2000). The weighting of the surrounding areas
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according to the distance from abandonment is due to the fact that closer areas will have a stronger
effect in terms of species dispersal. We extracted the data at a resolution of 2x2 km. For the better

visualization of patterns, the data were presented in Figure 2 and 3 at a resolution of 6x6km.
Combination of the functional wilderness metrics

We combined pHPP and dPNV by normalizing the values for both metrics for the [0, 1] interval

X—Xmin

according to the formula: x,, = where x, is the normalized value, x is the initial value of

Xmax—Xmin
the wilderness metrics, and Xmin and xmax are the minimum and the maximum values for either of
the metrics. We then performed the difference dPNV — pHPP. The results of this operation were
then symbolized in Figure 2, with positive numbers (higher normalized dPNV) represented by the
lower color ramp and the negative numbers (higher normalized pHPP) represented by the upper

color ramp of the legend.
Calculation of abandonment levels in wilderness quantiles

In order to calculate the amount of farmland abandonment at different ranges of wilderness, we
divided the overall raster values for all wilderness metrics at continental scale into quantiles. We
identified the amount of abandonment points that falls within 10%, 25%, 50% and 75% highest
wilderness levels for accessibility, pHPP, and dPNV. Due to the clustering of the night light data, the
division into quantiles was less precise. Therefore, we used the highest 16.67%, 33.33%, 50% and

83.33% of the area for artificial night light.
Calculation of abandonment levels in protected areas

We calculated the Euclidean distance from places of farmland abandonment to the borders of
protected areas of IUCN category | and Il and to Natura 2000 sites (Table 2). Euclidian distance is a
useful simplification for connectedness in our context but it is worth pointing out that from the
point of view of ecological processes, a short Euclidian distance does not guarantee opportunities

for dispersal and migration for taxa with different spatial requirements (Goldberg & Lande 2007).
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Abstract

Not all ecosystem services have the same relationship to biodiversity. Some services, named here
biophysical-based, rely on multiple ecosystem processes supported by complex biotic and abiotic
interactions. For these services, it is difficult to establish links to species identities. Other services,
named here biodiversity-based, rely on well-defined functional guilds and can be traced directly to
certain species. Ecosystem services have been equated with biophysical-based services and
assessments include frequently only this category. As a result, conservation policies and decision-
making are based on incomplete information. We provide here a comprehensive assessment at
European level of biodiversity-based services and we analyze whether these services are well
represented by biophysical-based assessments. We use the concept of service providing units (SPU)
and atlas data for vertebrates and plants to calculate estimates for 9 services. We show that areas
prioritized based on biophysical-based services fail to capture 51% of the areas supplying high levels
of biodiversity-based services. The spatial overlap between priority areas decreases further to 34%
when we consider a national scale perspective. Regardless of the type of services considered, the
relationship between biodiversity and services becomes stronger the more services are included. In
conclusion, considering a biased set of services does not capture all the complexities of service

supply. Assessments based on a low number of services risk underestimating the role of biodiversity.

Keywords: ecosystem services, biodiversity - ecosystem services relationship, multifunctionality,

assessments of ecosystem services
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Introduction

Ecosystem goods and services, from now on identified as services, have become increasingly
influential in policy-making, and in linking biodiversity conservation and human development (COP
2010; EU Commission 2011; IPBES 2016). Despite the progress in the adoption of the concept, there
are still lingering questions on the mechanisms of service supply. One of the most important
questions is related to how biodiversity contributes to service supply. Most frameworks include a
causal chain in which biodiversity drives ecosystem functions and processes, which in turn generate
ecosystem services (Kremen 2005; Duncan et al. 2015). However, different services have different
connections to biodiversity (Mace et al. 2012; Adams 2014) (Figure 1). Some services, we name
them biophysical-based services, are generated usually by several ecological processes which are
supported by complex interaction within ecological communities and between biotic components
and abiotic components (Figure 1) (Mace et al. 2012). Thus, it is challenging to estimate the
connections between species identities and service supply (e.g. carbon sequestration). For other
services, we name them biodiversity-based services, well-defined functional guilds (e.g. scavengers)
supply services (e.g. carcass removal) (Figure 1) without the mediation of processes (Mace et al.
2012). Instead, the influence of ecosystem processes is expressed in the composition of the
community supplying these services. For biodiversity-based services, the species identities within a

community has a direct impact (Karp et al. 2013).

Despite these differences, services in general have been consistently equated with biophysical-
based services (Naidoo et al. 2008). Therefore, assessments and maps often include only this type
of services, which are estimated based on methodologies that account for biodiversity at ecosystem
level through land cover, vegetation types, or through ecosystem-level metrics such as carbon
fractions (Chan et al. 2006; Naidoo et al. 2008; Maes et al. 2012). Although many experimental
platforms address the connection between ecological functions and species identities or species
richness (Hector and Bagchi 2007), these results are not yet integrated into large-scale assessments

of biophysical-based services.

Comprehensive assessments and maps of biodiversity-based services are lacking and research
efforts usually focus on a single service at small scales (Ricketts et al. 2004; Karp et al. 2013). These
studies achieve important insights on functional relationships between species-level biodiversity
and services, suggesting either a concave relationship where a few species ensure most service
supply (Winfree et al. 2015) or a convex relationship where many species are necessary for service

supply (Isbell et al. 2011). A concept that can support the large-scale assessments of biodiversity-
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based services is the service-providing unit (SPU). Luck et al. (2003) define SPU as a population unit
or a functional guild within- or cross-taxa that provide services at some temporal or spatial scale.
This concept is used at European level for pest control (Civantos et al. 2012) and implicitly applied
for wild food (Schulp et al. 2014). However, these studies remain infrequent and disconnected. As

a result, management and policy decisions are often based on incomplete assessments of services.

Ecosystem components Ecosystem functions Ecosystem services
and processes

Abiotic elements Biophysical-based services
Precipitation o
Atmospheric composition ops
Primary productivity Carbon storage
Nutrient cycling Soil protection
— . Recreation
Ecosystem-level biodiversity
Land cover
Biodiversity-based services
Species level biodiversity Medicinal plants
Species presence Carcass removal
Species richness Pest control
Abundance Wildlife watching

Figure 1 Conceptual figure of biodiversity-ecosystem services relationship. The Biophysical-based services rely
often on several ecological functions and processes which are supported by complex interactions between biotic
and abiotic elements. Ecosystem-level biodiversity measures are used to estimate Biophysical-based services. The
Biodiversity-based services are supported by definable functional guilds, or service providing units (SPU), which
supply functions easily translatable into services or directly services. Species identities can be more directly related

to Biodiversity-based services.

Here, we provide an assessment at European level of 9 biodiversity-based services. Our study has
three goals. First, we identify cross-taxa SPU for each biodiversity-based service and we calculate
SPU richness by stacking the spatial distributions of species. We estimate service supply by
considering three possible functional relationships with SPU richness: linear, convex and concave
(Kremen 2005; Duncan et al. 2015). Second, we test whether priority areas for biodiversity-based
services and variation patterns coincide with those for biophysical-based services. For this purpose,
we use data for 9 biophysical-based services: 8 datasets developed by the Mapping and Assessment
of Ecosystems and their Services (MAES) working group (Maes et al. 2015) and a map of carbon
stocks (Ruesch and Gibbs 2008). We assess the spatial agreement between the areas supplying high
biodiversity-based and biophysical-based services at two scales: European scale for a general

assessment and a national scale for a management relevant perspective. We assess variation
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patterns by calculating the standard deviation (SD) of service estimates within each grid cell. Third,
we assess how the relationship between services and species richness changes with increasing
number of services. We calculate correlations based on repeated random sampling of spatial units
in order to account for variation in local contexts. As supply and demand of services often have
different spatial distributions (Burkhard et al. 2012), we included here the supply side for all

services.

Methods

Biodiversity-based services

We selected 9 biodiversity-based services: wild food, medicinal plants, fodder, pest control, carcass
removal, seed dispersal, existence value, wildlife watching and hunting (Table 1). We classified them
into provisioning, regulating and cultural services based on definitions of the Millennium Ecosystem
Assessment (MEA 2005). The geographical extent was continental Europe, including the
Mediterranean islands but excluding Cyprus. The eastern borders of Finland, Estonia, Latvia,
Lithuania, Poland and Romania represented the eastern limit of the extent. In the context of our
study, a SPU represents all the populations on this territory of the species identified as suppliers of
a biodiversity-based service. Estimating biodiversity-based services involved three steps (Figure 2):
identifying the SPU for each service based on different sources, extracting and stacking the
European distributions of the SPU species, calculating the service estimates based on three
functional relationships.

concave

Sources Species distributions Ecosystem
services
Databases of European atlases convex

functional traits for plants, mammals, SPU spacies
Published literature birds and herptiles Capreolus capreolus /ﬁ richness
SPU Canis lupus fm&
Alces alces
Canis ILI,DUS Alces alces
Identifying the Capreolus capreolus Stacking the Calculating
Service Providing Castor fiber distributions ecosystem service
Unit (SPU) Cervus elaphus of SPU species estimates
Felis silvestris
Lutra lutra i 5
Lynx lynx b )
Marmota marmota /) S
Step 1 Step 2 Step 3

Figure 2 Methodology for estimating biodiversity-based services based on the service providing unit (SPU). We
applied a three step approach. First, we defined SPU based on a variety of sources. Second, we extracted and
stacked the atlas distributions of the SPU species. Third, we calculated estimates of services based on three
possible functions: concave, linear and convex.
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Identifying the SPUs

We assessed three provisioning services: medicinal plants, wild food and wild fodder (Table 1). We
researched 6 databases (Lange 1998; WHO 1999; Green 2009; Wirth & Lichstein 2009; Kattge et al.
2011; Frenette-Dussault et al. 2012; Kew Royal Botanic Gardens 2014; USDA 2014; www.pfaf.org
2014) for medicinal plants. When the source contained medicinal ratings from 0 to 5
(www.pfaf.org), we selected from the respective databased only species with a rating of 4 or 5. We
researched 4 databases (Lange 1998; Green 2009; Wirth & Lichstein 2009; Kattge et al. 2011;
Frenette-Dussault et al. 2012; USDA 2014; www.pfaf.org 2014) for plant species representing wild
food. The approach in extracting the information from databases was identical with the one used
for medicinal plants. Additionally, we included in the wild food SPU the mammal and bird species
hunted and consumed, as reported in Schulp et al. (2014). We identified the wild fodder SPU from
TRY (Green 2009; Wirth & Lichstein 2009; Kattge et al. 2011; Frenette-Dussault et al. 2012) and
BiolFlor (Kiihn et al. 2004) databases. From TRY, we used data for the traits "Leaf palatability", "Plant
palatability" and "Plant human usage types". When the fodder value was described according to a
scale from 1 (lowest fodder value) to 10 (highest fodder value), we included species with a score of
7 or higher. When the fodder value was based on a categorical scale from "none" to "high", we
included only the species rated as "high" or "variable (e.g. young plants palatable but adult plant

not)".

We assessed three regulating services: pest control, carcass removal and seed dispersal (Table 1).
In the pest control SPU, we included species reported as service providers for both mammal and
invertebrate pests in Civantos et al. (2012). Carcass removal SPU contained mammal and bird
species that rely on scavenging for at least 30% of their diet (Wilman et al. (2014). We defined the
seed dispersal SPU as mammals and birds with at least 30% of their diet based on seeds and fruits

(Wilman et al. 2014).
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Table 1 Summary of biodiversity-based services, their description, references and sources for the respective

species providing unit (SPU), and considered taxa.
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Ecosystem Description Sources/References Taxa

service

Provisioning

Medicinal  Wild plants that have been used in www.pfaf.org; Lange and Plants

plants different forms (e. g. infusions, others (1998); World Health
extracts) to cure or alleviate an illness.  Organization (1999); Kew

Royal Botanic Gardens (2014);
Kattge et al. (2011); USDA
(2014)

Fodder Wild plants valuable in the diets of Kattge et al. (2011); Kiihn et Plants
domestic herbivores. al. (2004)

Wild food  Wild plants that have been used in www.pfaf.org; USDA (2014); Plants
different forms (e. g. raw, thermally Lange and others (1998); Mammals
processed, spices, drinks) in human Kattge et al. (2011); Schulp et
diet and mammals and birds that are al. (2014) Birds
hunted and consumed in Europe.

Regulating

Carcass Obligate or facultative scavengers that  Wilman et al. (2014) Birds

removal feed on animal waste

Mammals
Seed Species that, through their feeding Wilman et al. (2014) Birds
dispersal habits, favor the spread of vegetation,
. . . . Mammals
important especially in restoration and
forest recovery
Pest Vertebrates providing biological Civantos et al. (2012) Birds
control control of invertebrate and rodent
. . Mammals
pests in agricultural landscapes
Amphibians
Reptiles

Cultural

Hunting Vertebrate species considered game Schulp et al. (2014) Birds
for hunting activities in Europe but

. Mammals
which are not also consumed as food.

Existence Vertebrate and plant species whose Temple and Terry (2007); Cox  Birds

value individuals have a higher existence and Temple (2009); Temple Mammals
value because of their threatened and Cox (2009); Bilz et al.
status as a species. Such individuals (2011); BirdLife International Amphibians
benefit frequently from protection (2015) Reptiles
measures.

Plants

Wildlife Species that are mentioned as Internet search conducted by  Birds

watching attractions for tourism purposes of authors

Mammals

that are mentioned by tourists as
reasons for travel to observe them or
their traces.
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We assessed three cultural services: hunting, existence value and wildlife watching (Table 1). We
included in the hunting SPU the species hunted in Europe but not consumed as food (Schulp et al.
2014). We used for this purpose a complete list of hunted species that was not published but was
provided separately by the authors. The SPU of existence value was defined based on the European
Regional Assessment of the RedList. We included species that were assessed as vulnerable,
endangered or critically endangered at European level (Temple and Terry 2007; Cox and Temple
2009; Temple and Cox 2009; Bilz et al. 2011; BirdLife International 2015). We defined the wildlife
watching SPU based on an internet search of the expression "Wildlife watching in <country>". We
used the English expression because the internet searches in local languages were more difficult to
process and they produced many results related to non-European wildlife tourism targeting national
markets. We used the common names of 34 countries within our geographic extent. The search
was conducted in the Google search engine by 5 of the co-authors. We searched webpages provided
by the first 6 search pages, excluding the advertised web links. We selected the webpages that
clearly refer to wildlife watching as a touristic activity and we recorded the species of interest. When
species were likely to be listed on another webpage of the respective website, we navigated to that
webpage. When referred by the common name, we included only wildlife that could be identified
to species level with a reasonable level of certainty. We then pooled the results and summed them
across all countries. We included in the wildlife watching SPU the species that were encountered 50

times or more.
Stacking the distributions of SPU species

We identified the distributions of the SPU species from atlas datasets containing 4174 plants (Lahti
and Lampinen 1999), 498 birds (Hagemeijer and Blair 1997), 194 mammals (Mitchell-Jones et al.
1999), 133 reptiles and 70 amphibians (Sillero et al. 2014). The data are available at a resolution of
50x50 km. All datasets except the bird data were compiled in the Common European Chorological
Grid Reference System (CGRS) agreed by the groups mapping European diversity. For bird species,
the data were compiled in an earlier version of the grid at the same resolution. Analysis was

subsequently conducted for the CGRS grid.

We extracted from the relevant atlas dataset the distribution of each species listed in SPUs. We then

stacked the geographical distributions of all species from each SPU. For each grid cell:

SRij = Xi=15(i, k) xE(j, k) (1)
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where SR was the number of species providing service j in grid cell i and S(j, k) is one when species

k is present in grid cell i and E(j, k) is one when species k is included in SPU of service j.
Calculating ecosystem service estimates

We considered three possible relationships between SPU richness and services (Figure 2, Step 3).

The estimates of services (Figure 2, Step 3) in each grid cell was:

where ESis the estimate of service j in grid cell i, SR;; is the number of species providing the service
jingrid cell i and a is a constant that modifies the relationship. When each new species supplied the
same amount of service (linear relationship), a was equal to one. For a concave function (Figure 2,
Step 3), when a small number of species supplies most of the service and each new species adds a
decreasing amount of service, a was equal to 0.2. For a convex function (Figure 2, Step 3), when a
minimum number of species is necessary for substantial supply and each new species adds an
increasing amount, a was equal to 3. The values of a were chosen to visually approximate the

function shapes proposed in the literature (Kremen 2005; Duncan et al. 2015).

We then normalized service estimates based on the equation:

ESij—ESjmin

ESnl-j = (3)

ESj max_ESj min

where ESn is the normalized estimate for service j in grid cell i, ESj; is the initial estimate of service j
in grid cell i, ESj min and ES;j max represent the minimum and maximum estimates of service j across all

grid cells, respectively. We used equation (3) also for subsequent normalizations to [0, 1].

Ecosystem services based on biophysical data

We selected 9 biophysical-based services for which European-wide data were available (Table 2).
The MAES data represent a comprehensive set of services estimated for 2010 by the Joint Research
Centre, which aims to provide scientific support for European policies (Maes et al. 2015). We also
included data on biomass carbon stocks for 2000 based on outputs developed at global level (Ruesch
and Gibbs 2008). Carbon stocks in Europe are estimated to have changed only slightly in the decade
between 2000 and 2010. For instance, forest carbon potential grew by 1.7% during this timeframe
(Maes et al. 2015). Thus, we considered the temporal mismatch between datasets minor. The
spatial extents differed between data. We mapped most services to the territory of the European
Union at the current extent (EU28) without Cyprus. The recreation potential map did not include

Croatia.
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Table 2. Summary of biophysical-based services, their description, references, data used for calculating estimates,
and measurement units

Ecosystem Description Type of data used for the Sources/Referenc  Unit

service estimation es

Provisioning services

Cultivated food Harvested production of food National, European or Maes et al. (2015) ton x year-1
crops global statistics

Cultivated fodder  Harvested production of fodder Land use/cover ton x year-1
crops

Energy crops Harvested production of energy Maes et al. (2015) ton x year-1
crops

Harvested timber Total timber removal m3 year-1

Grazing livestock  Reared animals Maes et al. (2015) Heads

Regulating services

Water Retention
capacity

Capacity of
ecosystems to
avoid soil erosion

Carbon stocks

Capacity of ecosystems to
reduce runoff and capture
water

Capacity of ecosystems to
provide soil protection

Biomass carbon stored by living
vegetation in above and
belowground

Land use/cover
Soil properties
Topography

Vegetation functional
traits (Leaf area index)

Soil properties
Topography

Land use/cover
Land use/cover

Vegetation functional
traits (root-to-shoot
ration, carbon fraction)

Maes et al. (2014,
2015)

Maes et al. (2014,

2015)

Ruesch and Gibbs
(2008)

Dimensionle
ss

Dimensionle
ss

ton Cx ha-1

Cultural services

Recreation

Potential of outdoor recreation
for resident population and
reachable by short traveling

Land use/cover

National, European or
global statistics

Spatial extent of protected
areas

Water bodies properties

Maes et al.
(2014); Paracchini
etal. (2014);
Maes et al. (2015)

Dimensionle
ss

Maes et al. (2015) estimated the provisioning services considered here based on aggregated
statistical data compiled in the Common Agricultural Policy Regionalised Impact Modelling System

(CAPRI) model (http://www.capri-model.org/) which includes agricultural and timber output data
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from the statistical office of the European Union (Eurostat) and the Food and Agriculture
Organization of the United Nations (FAO). These data were downscaled using a proportionally
distributed model that assigned a value to each 10X10 km grid cell based on the proportion of
relevant land-cover (e. g. forest for timber removal) in the respective grid cell. This land-cover
proportion was calculated using a refined version of the Corine Land Cover (CLC) for 2006 (Batista e
Silva et al. 2013). The land-cover classes used for downscaling and further details are presented in

Maes et al. (2015).

The Water Retention Index is a dimensionless indicator that considers water retention in vegetation,
soil and groundwater. Additionally, the index considers slope and percentage of sealed area as
factors influencing water retention (Maes et al. 2015). The capacity of ecosystems to avoid soil
erosion is also represented as a dimensionless indicator capturing the capacity of land cover types
to mitigate soil loss (Guerra et al. 2014; Maes et al. 2015). The indicator is calculated based on the
refined CLC (Batista e Silva et al. 2013) and a process-based model which takes into account the
interaction between precipitation, soil attributes, topography and land cover (Maes et al. 2015).
Both datasets were calculated at 100x100 m resolution. Ruesch and Gibbs (2008) estimated
vegetation carbon stocks based on globally consistent values for aboveground biomass and root to
shoot ratios for belowground biomass provided by the Intergovernmental Panel on Climate Change
(IPCC). Based on carbon fractions for each vegetation types, Ruesch and Gibbs (2008) compiled 124
carbon zones or regions that were then mapped based on land cover, continental regions,

ecofloristic zones and forest age at 1x1 km resolution.

Paracchini et al. (2014) mapped recreation potential based on components linked to recreation
preferences: degree of naturalness, presence of protected areas as indicator of high natural value
and water bodies accounting for water attractiveness (Maes et al. 2012; Paracchini et al. 2014). The
three components were given equal weights in the calculation of the final indicator at 100x100 m

resolution.

For the comparison with the biodiversity-based services, we aggregated the data to the CGRS grid

through averaging. Finally, we normalized all services to [0, 1].

Analysis

Mapping priority areas and variation patterns

The priority areas were define based on the total service value (TSV) for both biodiversity-based and
biophysical-based services. We calculated TSV for biodiversity-based services assuming a linear

relationship (a equal to one in equation 2) between SPU species richness and biodiversity-based
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services. For both biodiversity-based and biophysical-based services, we first summed separately
the normalized values of provisioning, regulating and cultural services (Table 1 and 2). We then
normalized the summed values of the three categories to [0, 1]. Finally, we summed the three
categories to obtain the TSV for each category of services. We then selected the highest quartiles
of each TSV. For the national level, we selected for each country the grid cells covering the
respective country and we calculated the highest quartiles only for those values. We estimated
variation patterns between the service estimates by calculating the SD of normalized estimates at

grid cell level.
Correlation with species richness

When considering separately biodiversity-based and biophysical-based services, we randomly
sampled combinations of the 9 services (500 selections of one service, 500 selections of 2 services,
and so on). When we considered all services together, we sampled combinations of the 18 services.
For each selection, we then randomly selected 100 cells from the 2377 grid cells containing values
for all 18 services. We summed the normalized values of services for the 100 grid cells and we
performed a rank correlation with the corresponding normalized species richness. In the case of
biodiversity-based services, we additionally randomly chose between the three possible function

shapes: linear, convex and concave.

Results

Ecosystem services based on biodiversity data had a strong pattern of high values in central Europe.
This was driven by plant and bird species richness patterns (Figures 2 and 1S). This pattern was
similar with the distribution of biophysical-based services (Figure 4). Biodiversity-based services
such as carcass removal, pest control and especially existence value had a more diversified pattern

with higher value for southern Europe, mainly Iberia (Figure 3).

Of the designated priority areas, 49% of grid cells were supplying high TSV for both biodiversity-
based and biophysical-based services (Figure 5a). Therefore, more than half of the quartile area
supported the highest values for only one type of services. The non-overlapping areas for the
biodiversity-based services extended in the eastern part of the continent, while for biophysical-
based services they covered the western part of the continent. The prioritization at national level
led to markedly different spatial results from the total estimates. The high TSV areas of central
Europe split at national level, with the southern mountainous areas becoming particularly important
for concomitantly high supply of the two types of services. Only 34% of the quartile area selected at

national level supplied the highest estimates for both biodiversity-based and biophysical-based
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services. However, these results were geographically differentiated (Figure 5b). Thus, almost 60%
of the quartile area in Spain and 45% in Italy supplied the highest level for both biodiversity-based
and biophysical-based services. In Finland, only 2% of the quartile area represented high supply for

both types of services (Figure 5b).
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Figure 3 Spatial distribution of ecosystem services based on biodiversity data at 50x50 km resolution.

The patterns of variation between the two types of services were also considerably different. For

instance, in the Iberian peninsula, areas that presented a high variation between biodiversity-based
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services had low variation of biophysical-based services (Figure 6). Meanwhile, fewer areas had

similar patterns. For example, the Alps had high variation in both types of services.
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Figure 4 Spatial distribution of ecosystem services based on biophysical data at 50x50 km resolution.

Correlation with species richness increased with the increase of number of services for all services
together, as well as for the biodiversity-based and biophysical-based services separately (Figure 7).
Moreover, the distribution of correlation results became narrower with the increase of number of
services. For example, the average Spearman’s rho between one biodiversity-based service and
species richness was 0.55, the 95t percentile between 0.08 and 0.87. The average rho for all

biodiversity-based services was 0.79, 95" percentile between 0.67 and 0.87 (Figure 7a). The pattern
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was similar for biophysical-based services (Figure 7b) and for all services considered together (Figure

7c).

a) b)

European level National level

- Biodiversity-based services - Overlap - Biophysical-based services

Figure 5 Spatial overlap between the 25% highest values of the two sets of ecosystem services (biodiversity-
based and biophysical-based) at: a) European level, b) National level.
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Figure 6 Standard deviation of estimates calculated at the level of the 50x50 km grid cells for: a) biodiversity-
based and, b) biophysical-based services.
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Figure 7 Results of rank correlations between species richness normalized per taxa and random combinations
of an increasing number of a) biodiversity-based, b) biophysical-based, and c) all services. The random
combinations were repeated 500 times for each number of ecosystem services. The black band inside each box
represents the median, the boxes represent 50% of values around the median, the whiskers extend to the most
extreme values.
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Discussion

Our study provides a comprehensive assessment of biodiversity-based services, a category
overlooked by large-scale assessments (Chan et al. 2006; Naidoo et al. 2008; Maes et al. 2012;
Schroter et al. 2016). We show that this can be a damaging approach as it provides incomplete
results for prioritization and management of conservation areas (Chan et al. 2006). Focusing limited
resources on areas identified based only on biophysical-based services risks reducing resources for
protecting biodiversity-based services and biodiversity (Schréter et al. 2014). Meanwhile, the large
overlap between high-supplying areas also suggests effortless synergies in some regions between
priorities of biodiversity-based and biophysical-based services. For example, areas prioritized for
crop production can benefit from pest control (Karp et al. 2013). Spatial overlaps have also
important consequences for management. For instance, forest management has to pay particular
attention to biodiversity in areas of high supply of wild foods or medicinal plants to avoid damaging
these services (Gamfeldt et al. 2013). Assessing variation patterns in service estimates is novel
within service research but it is highly relevant as it can provide insights on where management has
to target multiple services at the same time. Our results on variation patterns further highlight the
differences between the two types of services and the need to consider them complementarily in

assessments for policy and management decisions.

Changing the scale of the assessment in our study modified dramatically the spatial distribution of
areas of high supply of services as well as overlap between services (Figure 5b). This shows that
analyses at a single extent can be misleading, especially as relevant extents for policy-making and
demand differ among services. For instance, soil protection (Guerra et al. 2014), pest control (Karp
et al. 2013) or carcass removal (Dugko Cirovi¢ et al. 2016) have to be consumed at the point of
production and lower extents are more relevant for analysis. Other services have integrated
regional markets and policies, such as the European agricultural system (European Commission
2005). Still other services are of global interest such as carbon stocks (Ruesch and Gibbs 2008). For

these, analyses at large extents are of higher relevance.

Our results also highlight the important role biodiversity plays for the multifunctionality of
landscapes. This relationship is strengthened by the addition of biodiversity-based services (Figure
6¢). But biophysical-based services present a similar pattern, in accordance with previous research
suggesting that increasing number of species are necessary for supplying an increasing number of
functions in diverse contexts (Tilman et al. 2014). At our coarse grain which covers wide ranges of

environmental conditions, the functional relationship between species richness and services supply
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is likely to fit the relationship suggested by Isbell et al. (2011) rather than the one found in specific
contexts, especially in the case of pollination (Winfree et al. 2015). Thus, the goals of conserving
biodiversity and services, especially at large scales, should not be approached separately, as
suggested previously (Adams 2014). Conserving biodiversity is the highest insurance for

guaranteeing long-term supply of multiple services (Isbell et al. 2011).

Among the issues limiting progress in the research of biodiversity-based services at large scales are
the scarcity and biases in biodiversity data (Collen et al. 2008). Although European biodiversity
atlases are among the most complete datasets at continental level, biases are still present. The plant
distributions are affected by geographical biases, especially in the southern part of the continent
(Hanspach et al. 2011), although Ronk et al. (2015) suggest that variation in plant diversity is well
represented. The compilation of the atlas of amphibians and reptiles was limited by different
approaches to data-sharing of data owners across Europe (Sillero et al. 2014). The quantity and
quality of estimates of biophysical-based services also differed between countries and, in some
cases, within countries (Maes et al. 2015). Considering a wide range of sources and services is an
approach towards mitigating biases (Isbell et al. 2011; Milt et al. 2014) but improving monitoring
for both biodiversity (Pereira and Cooper 2006) and services (Tallis et al. 2012) is a priority for

conservation science.

Furthermore, presence data offer limited information on the potential of ecological communities to
supply ecosystem services as species roles are strongly dependent on abundances (Winfree et al.
2015). Integrating abundance in model estimating service supply raises, however, important
challenges in terms of available data and models for such integration. In addition to the costs of
acquiring such biodiversity data (Turner et al. 2003), estimating a species effectiveness at
performing a service at different abundances would likely require significant research resources

(Kremen 2005).

Nevertheless, these limitations should not impede us from conducting compreensive assessments
of ecosystem services. Our results indicate that considering few services of any type distorts our
understanding of the relationships between biodiversity and service supply. Moreover,
comprehensive assessments can provide crucial information on opportunities for synergies (Maes
et al. 2012) and avoidable damages in service management (Thomas et al. 2013). Therefore, we call
here for further research and increased efforts for a balanced assessment of both biodiversity-based

and biophysical-based services.
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Chapter 6

Synthesis

This thesis contributes to several crucial areas for achieving the Aichi Biodiversity Targets for 2020.
It also contributes to a more integrative biodiversity science by considering multiple dimensions of

biodiversity for addressing conservation challenges.

6.1 Target 11

Current studies suggest that we will reach 17% of global area under a protection regime by 2020
(Leadley et al. 2014). However, this progress is spread unequally among biomes and ecoregions,
with almost 30% of terrestrial ecoregions having less than 5% coverage of protected areas (Watson
et al. 2014). Moreover, the coverage of areas representing different management categories as
defined by the International Union for Conservation of Nature (IUCN) also differs among biomes
(Figure 6.1, Leadley et al. 2014). For instance, western United States is dominated by strict
protection areas (category | and Il) while the European Natura 2000 network of protected areas
covers mainly habitats and species characteristic of human dominated habitats (Figure 6.1, EC 1992;
Halada et al. 2011). This suggests that methods for prioritizing areas for conservation are unequally

applied in different regions.

Imbalances in applying prioritization approaches can lead to the underrepresentation of some
biodiversity dimensions, as different approaches maximize different biodiversity targets (Chap. 2).
Many studies dealing with prioritizing areas for conservation focus on one biodiversity dimension
such as species conservation. For instance, species richness, rarity or threat have been at the center
of many prioritization studies (Williams et al. 1996; Orme et al. 2005). Although ecosystem services
have recently been integrated in conservation prioritization (Schroter et al. 2014), the discussion
usually focuses on the trade-offs between conserving different biodiversity dimensions. While the
biodiversity conservation literature has strongly focused on species preservation, the ecosystem
services literature has increasingly moved away from species-level biodiversity (Chap. 5). Thus, most

studies on prioritizing areas for ecosystem services use biophysical data to estimate supply (Maes
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et al. 2012). These divergent focuses in area prioritization risks undermining interlinked biodiversity
targets (Marques et al. 2014). Although studies attempting to integrate biodiversity goals usually
highlight the challenges raised by the different spatial distributions and ecological mechanisms
(Karp et al. 2015), such efforts are necessary for finding conservation solutions for all biodiversity

dimensions in protected areas and beyond.

(a) IUCN categories | and Il
0% - 1%
1% - 2.5%
2.5% - 5%

P 5% - 10%

I 0% - 30%

B 30% - 50%

I 50% - 100%

(b) IUCN categories lll and higher
0% - 1%
1% -2.5%
2.5% - 5%
P 5% - 10%
I 10% - 30%
B 30% - 50%
I 50% - 100%

Figure 6.1 The distribution of protected areas in IUCN categories | and Il (a) and in all other categories (lii, IV,
V, VI, including areas with no information on category) (b) across world ecoregions. The different shades of green
represent the proportion of each ecoregion’s land surface covered by protected areas. Source: World Database
of Protected Areas (IUCN-WCPA/UNEP-WCMC 2015) and Terrestrial Ecoregions (WWF; http://maps.tnc.org/gis_
data.html).

An area of particular importance for Target 11 is also the management of protected areas. Several
recent studies addressed effectiveness of protected areas and results suggest that urgent progress
is necessary to improve results. In a global analysis of over 3000 protected areas, Leverington et al.
(2010) found that the management of 40% of areas showed major deficiencies. Moreover,
protected areas seem to be effective at conserving forest habitat but not as successful at conserving
species populations (Geldmann et al. 2013). This highlights the complexity of factors that influence

the maintenance of ecological communities and the need to address the multiple layers of human
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impact present on a landscape (Chap. 3, Chap. 4). Additionally, as human appreciation has always
represented a strong driver towards conservation, integrating perceptions of solitude and
naturalness (Chap. 4) into management can attract higher support from stakeholders and thus

higher chances of conservation success.

Another issue affecting the results of conservation management in protected areas and beyond is
the static image of biodiversity based on which decisions are taken (Heller and Hobbs 2014). In
Europe, the management of protected areas is focused on maintaining human-dependent habitats
in the face of farmland abandonment (Prach et al. 2013, Chap 4). Despite these efforts, ecological
communities continue to change under the current drivers (Timmermann et al. 2015) because the
targeted ecosystems are not self-sustaining in the absence of continuous human-management. This
represents a result of the selective removal of trophic links (Ripple et al. 2014) and the alteration of
ecological functions and disturbance regimes (Navarro et al. 2015) during centuries of human
occupation. Taking a prescriptive view of conservation can increase the instances of conservation-
reliant species for which continuous management in necessary to ensure survival (Scott et al. 2010;
Goble et al. 2012). In order to reduce conservation costs to achievable levels (McCarthy et al. 2012)
and benefit from ecosystem services (Cerqueira et al. 2015), conservation has to aim for self-
sustaining ecosystems and to take advantage of the conservation opportunities arising in formerly
managed landscapes. Based on the differences between regions in terms of human impacts,
targeted management can address specific contexts with the overall aim of reducing the amount of

human management in order to allow the development of resilient ecosystems (Chap. 4).

6.2 Target 14

Several authors have concluded that the connections between services and biodiversity are too
weak to justify the common pursuit of these goals in conservation (Adams 2014; Kleijn et al. 2015).
Such a conclusion can have serious consequences for the achievement of conservation targets and
thus, it deserves careful examination. Current assessments describe the supply of all ecosystem
services in the same terms: complex interactions between biotic and abiotic components support
ecosystem processes and these in turn supply services (Duncan et al. 2015). However, there is a
variation in how services are produced and some services arise directly from species-level
biodiversity (Mace et al. 2012). Nevertheless, most assessments estimate service supply based only
on biophysical data (e.g. land cover), while ignoring the services which rely directly on species

identities (Naidoo et al. 2008). We show that biodiversity-based services are particularly strongly
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correlated to species richness at European level and that incomplete assessments can lead to

underestimating the role of biodiversity in service supply (Chap. 5).

Moreover, scale and the number of assessed services can shift the conclusions regarding the
relationship between biodiversity and services (Chap 2, Chap. 5). Irrespective of their type, the more
services we included in the calculation, the stronger and more consistent was the correlation with
species richness in Europe at 50 x 50 km resolution (Chap. 5). This aligns with previous research that
suggests that an increasing number of species is necessary to supply multiple services in different
years and environmental conditions (Isbell et al. 2011). At finer extents species richness seems to
be a poor proxy for ecosystem services (Winfree et al. 2015, Chap. 2). This can have at least two
explanations. First, coarse spatial units are more likely to contain very different environmental
conditions that require contributions from different species for adequate supply of services (Isbell
et al. 2011). Second, as previously stated, the analysis of a reduced set of services can lead to an
underestimation of the relationships between species richness and services (Chap. 5). In conclusion,
assessments should include a wide array of services, both dependent on species-level and
ecosystem-level biodiversity. However, restoration and safeguarding of services should also take

into account different spatial relationships at different scales.

The spatial prioritization of areas supplying high levels of services changes dramatically from
continental to national scales (Chap 5.). In an increasingly globalized world, global assessments of
ecosystem services are relevant for coordinated policies and sharing experiences in managing
services successfully (IPBES 2016). Moreover, several services have now global and continental
markets (European Commission 2005; Tilman et al. 2011) and the impact of their loss is global (IPCC
2013). However, in the case of many other services, the safeguarding and management is done at
national or local scales. Thus, national and regional perspectives should be actively encouraged for

an efficient restoration and safeguarding of ecosystem services (Chap. 2, Chap. 5).

The common analysis of biodiversity-based and biophysical-based services reveals also large areas
of overlap (Chap. 5). These areas could favor synergies in managing both types of services and thus,
contribute to maximizing the supply of essential services. This is the case especially for agriculture-
based services that can benefit highly from pest control or pollination services (Ricketts 2004; Karp
et al. 2013). Conversely, management should also take into account these areas in order to avoid
inadvertently reducing some services while trying to maximize others. For instance, forestry
management can lead to a decrease in species richness which can result in the reduction of non-

timber products (Gamfeldt et al. 2013). Areas that provide only biodiversity-based services indicate
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where further resources should be invested to safeguard these services, especially considering that
biodiversity-based services such as wild food and medicinal plant benefit the most vulnerable social

categories (Leadley et al. 2014).

6.3 Target 15

Many areas with severely damaged biodiversity and services require costly, intensive restoration
efforts aimed at returning ecosystems to prior states (Suding et al. 2004). Undeniably, such efforts
are necessary in order to remove the most serious effects of human activities. However, these
efforts do not always achieve resilience (Klotzli and Grootjans 2001) and long-term species
preservation (Scott et al. 2010). Maintaining a non-prescriptive approach to restoration allows for
a better adjustment of ecosystems to new environmental conditions and better use of conservation
resources (Balaguer et al. 2014). Thus, restoration should also focus on increasing resilience and

ecosystem functions while reducing the impact of human presence (Chapt. 3, Chap. 4).

By analyzing wilderness metrics in the areas projected to be abandoned, adequate responses can
be designed for restoration in Europe (Chap. 3, Chap. 4). For instance, the recovery of the deviation
from potential natural vegetation (dPNV) is conditioned by several factors, such as the absence of
seed banks (Rey Benayas et al. 2007) or low abundances of herbivores and large carnivores (Chap.
4). These gaps in the trophic network can lead to a homogeneous vegetation structure that impacts
the diversity of ecological communities (Navarro et al. 2015). Moreover, changes produced by
climate change to the patterns of the potential natural vegetation (Hickler et al. 2012) can lead to
ecosystems farther from the potential natural vegetation than expected. Management and policy
actions can support effective restoration through planting of vegetation islets to increase seed
banks (Rey Benayas et al. 2008). The recovery of local populations of wild herbivores and their
predators can be achieved through no-hunting zones and reintroductions (Ripple et al. 2016) while
combating the effects of climate change can be addressed through building and maintaining
ecological corridors for dispersal processes (Nufiez et al. 2013; Pauli et al. 2014). Such combined
restoration strategies would lead both to the recovery of formerly-persecutes species (Enserink and

Vogel 2006) and to enhancing the supply of certain ecosystem services (Cerqueira et al. 2015).

Some of the biggest opportunities for restoration are the established conservation infrastructures.
For instance, a large proportion of farmland projected to be abandoned in Europe is located in and
around the Natura 2000 sites (Chap. 4, Table 2). Thus, restoration actions could be integrated within
the management plans of these areas. In general, restoration actions can take advantage of existing

management structures and connections to local communities of established protected areas in
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order to ensure positive results (Andam et al. 2013). However, in the case of Natura 2000 sites, the
management guidelines require the maintenance in a "favorable conservation status" of many
species and habitats characteristic of extensive farmland or early successional habitats (Prach et al.
2007; Halada et al. 2011). This limits the range of restoration actions and an adjustment of policies
is necessary in order to potentiate rewilding across Europe (Chap. 4, Merckx and Pereira 2014).
Similarly, other fields of restoration depend on policy changes such as the implementation of
biodiversity offsets and clear restoration targets included in environmental impact assessments

(Pereira et al. 2014; Gongalves et al. 2015).

6.4 Final remarks

The field of conservation experienced bitter controversies regarding which biodiversity dimensions
and contexts should receive the most efforts (Sarkar 1999; Kareiva 2014; Soulé 2014). However,
many studies show that we need to look at the big, integrative picture in order to understand and
effectively protect biodiversity (Mittermeier et al. 2003; Isbell et al. 2011). | expect that such
conclusions will increasingly emerge from research. Conservation management in the context of
global change and increased anthropogenic pressures will work by taking into account multiple
dimensions of biodiversity. A research priority is, of course, understanding the relationships
between the different biodiversity dimensions (Balvanera et al. 2006; Naidoo et al. 2008; Tilman et
al. 2014). This thesis addresses this priority and uncovers important synergies from which
conservation can benefit. Above all, we need to also look at conservation successes and emphasize
the cases where we have achieved our targets in order to build momentum for a sustainable,

biodiverse world.
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